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Executive Summary
Understanding the effectiveness of carnivore harvest regulations to manipulate carnivore
and elk population abundances is a priority for wildlife managers seeking to achieve carnivore
and elk population objectives. The purpose of this project was to evaluate the effects of
conservative elk harvest and liberal carnivore harvest on carnivore population abundance and elk
population dynamics in west-central Montana.
Our first objective was to evaluate the extent to which mountain lion harvest and
abundance can be influenced by harvest management prescriptions. In 2012, Montana Fish,
Wildlife and Parks (MFWP) implemented liberalized mountain lion harvest regulations designed
to reduce mountain lion population abundance to increase elk survival and population abundance
in portions of west-central Montana. We used a before-after-control-treatment approach to
evaluate the extent to which mountain lion abundance was influenced by these harvest
management prescriptions. We estimated mountain lion population abundance in one watershed
managed for reduced populations (Bitterroot) and in one watershed managed for stable
populations (Upper Clark Fork) before and 4 years after implementation of the new harvest
regulations beginning in 2012. The Bitterroot study area included lion management units 250 and
270, and the Upper Clark Fork study area included lion management units 211/216, 210,
212/215. During 2012–2017, management success (percent of the prescribed quota achieved)
was high in both the Bitterroot and Upper Clark Fork study areas. The average male and female
harvest management success in the Bitterroot study area was 95% and 87%, respectively. The
average male and female harvest management success in the Upper Clark Fork area was 82%
and 77%, respectively. Mountain lion abundance declined in the Bitterroot study area (i.e.,
treatment area) from 161 (90% credible interval = 104, 233) in 2012 to 115 (CI = 69, 173) in
2016. The sex ratio of males changed from M:F = 0.50 (CI = 0.33, 0.67) to 0.28 (CI = 0.17,
0.40), which translated into a decline in the abundance of males, and similar abundances of
females (before: males = 80 (CI = 52, 116), females = 81 (CI = 52, 117); after: males = 33 (CI =
20, 49), females = 82 (CI = 49, 124). In the Clark Fork study area (i.e., the control area), we
found no evidence of changes in overall abundance or sex ratio of males in the population.
Our second objective was to evaluate the extent to which wolf harvest and minimum wolf
counts are controlled by harvest management prescriptions. We summarized the wolf harvest
regulations, harvest and minimum counts of wolves for west-central Montana. Harvest
regulations were liberalized over time during 2009–2012 and have been consistent within westcentral Montana since 2013. Since management authority was returned to MFWP in 2011, the
total reported wolf harvest in west-central Montana has varied through time and averaged 32.3
wolves per year (SD=9.6). The minimum count of wolves per hunting district has also varied
annually and averaged 10.2 (SD=7.2). Within the Bitterroot study area, harvest since 2011 has
averaged 1.9 (SD=2.2) in HD 250 and 3.3 (SD=2.6) in HD 270, and estimated minimum counts
have averaged 12.7 (SD=6.1) in HD 250 and 16.0 (SD=3.7) in HD 270. Variation in minimum
wolf counts was uncorrelated to wolf harvest regulations or harvest at this scale, but changes in
harvest regulations annually during 2009-12 prevented a rigorous evaluation of these effects.
Our third objective was to evaluate the extent to which black bear harvest is controlled by
harvest management prescriptions. In 2010, black bear harvest regulations were liberalized in the
2 hunting districts within the Bitterroot study area to include an additional 2-week spring season
and an additional 10-day archery-only fall season. We used black bear harvest data from 20
5

districts within west-central Montana during 2001–2017. We found that across west-central
Montana, spring black bear harvest increased following implementation of liberalized harvest
regulations that allowed for a 2-week spring hunting season extension. On average, the
liberalized spring harvest regulation resulted in an additional 3 bears harvested per hunting
district. However, we found no evidence that fall black bear harvest increased following
implementation of a liberalized fall harvest regulation that allowed for a 2-week archery-only
hunting season extension.
Our fourth objective was to evaluate the effects of carnivore harvest regulations on elk
calf survival and cause-specific mortality rates. Because previous studies documented mountain
lion predation as an important source of calf mortality in this area, we focused on evaluating the
effects of the liberalized mountain lion harvest regulations on calf survival and cause-specific
mortality. We marked a sample of elk calves in the Bitterroot study area before, during, and after
liberalized mountain lion harvest regulations and estimated calf survival to age 1 as well as
causes of mortality. We found evidence that liberalized mountain lion harvest regulations were
associated with increased summer, winter, and annual elk calf survival during the harvest
treatment period, and estimated rates of annual elk calf survival during the period of liberalized
regulations nearly doubled as compared to before the liberalized harvest regulations. However,
our results also suggest that the initial increases in annual survival during the treatment period
were reduced to intermediate levels 4 years after treatment, resulting in annual survival rates that
were only about 10 percent higher than pre-treatment-era levels.
Our fifth objective was to evaluate the effectiveness of using mountain lion harvest as a
tool for increasing calf recruitment in west-central Montana. To address this objective, we
developed an integrated elk population model to estimate and compare recruitment and
population growth rate during the 5 years prior to and 5 years following implementation of the
liberalized mountain lion harvest regulations. We included data from two elk populations (HD
250 and HD 270) within the Bitterroot study area that was managed for a reduction in the
mountain lion population (i.e., treatment area) and two elk populations (HD 210 and HD 216)
within the Upper Clark Fork study area that was managed for stable mountain lion populations
(i.e., control area). We found evidence that the liberalized mountain lion harvest regulations
were associated with short-term increases in elk recruitment and population growth rates within
the treatment area, although the effects of the treatment on recruitment declined during the 5
years following treatment. In the Bitterroot treatment area, per capita elk recruitment was
roughly stable around an estimated median value of 0.19 (CI = 0.12, 0.27) in the pre-treatment
period (2007–2011), increased immediately after treatment (2013) to 0.42 (CI = 0.29, 0.56), and
then declined to 0.21 (CI = 0.11, 0.32) in 2017. In contrast, per capita elk recruitment in the
Clark Fork control area had similar median values during the pre- (2007–2011: 0.32, CI = 0.21,
0.45) and post-treatment periods (2013–2017: 0.32, CI = 0.22, 0.45). These changes in
recruitment corresponded to similar changes in population growth rate, although we note that
population growth rates were also subject to variation due to changing elk harvest. Our results
indicate that management objectives to increase calf recruitment were achieved through the
implementation of liberalized mountain lion harvest regulations, although effects of the treatment
on recruitment were strongest immediately following implementation of the treatment and
diminished over time.
Our final objective was to estimate the relative effects of factors that wildlife managers
have some degree of control over, such as carnivore density, and factors such as weather and
6

landscape attributes that wildlife managers cannot control on elk calf recruitment (i.e., survival to
age 1) in west-central Montana. To address this objective, we evaluated the association between
elk calf recruitment, weather, and indices of carnivore population abundance using survey data
collected from 17 elk hunting districts across west-central Montana from 2004-2017. We found
that environmental conditions experienced by the calf during its first summer, and by the female
prior to conception when the calf was in-utero, were strongly associated with recruitment rates.
Spring precipitation experienced by the calf during its first summer was negatively associated
with recruitment. Cold and wet springs may elevate risk of illness, delay green-up and elevate
neonatal mortality. Summer precipitation was positively associated with recruitment. We found
an interaction between summer precipitation and winter severity such that dry summers
interacted with particularly severe winters to diminish calf recruitment. Although we did not find
evidence for a main effect of NDVI, we found an interaction between summer NDVI and winter
severity during the year a calf was in-utero indicating that poor primary production during
summer interacted with severe winters to diminish recruitment. Together these results
demonstrate a strong influence of environmental conditions on calf recruitment. Using indices of
carnivore populations across the region, we found support for effects of predation on elk calf
recruitment that were generally of smaller magnitude than weather effects, but that interacted
with weather effects. Indices of carnivore population abundance were likely not accurate or
precise enough to detect predation effects at the broader landscape scale of this analysis
compared to the more focused analyses described above, therefore these results should be treated
with caution.
Together, our results suggest that carnivore harvest management may be an effective tool
for increasing elk populations. Our results from west-central Montana indicate that liberalized
mountain lion harvest regulations intended to reduce mountain lion populations and increase elk
calf survival and recruitment achieved a moderate (i.e., 29%) reduction in mountain lion
population abundances within the treatment area that corresponded with short-term increases in
elk recruitment and population growth. Elk population demographic responses suggest that the
harvest treatment effect was strongest immediately after the mountain lion harvest treatment was
implemented and lessened over time as the harvest treatment was reduced. Regional elk
recruitment trends were strongly correlated with weather covariates, indicating that weather
effects will mediate the effects of manipulations of carnivore densities on elk populations. We
recommend that wildlife managers seeking to balance carnivore and ungulate population
objectives design rigorous carnivore and ungulate population monitoring programs to assess the
effects of harvest management. We recognize that accurately monitoring local densities of
carnivores over regional scales may not be possible, so we advise implementation of rigorous
monitoring programs within carefully selected, representative areas to facilitate evaluation of the
effects of such management actions. Assessing and understanding effects of carnivore harvest
management will set realistic expectations regarding the effects of management programs on
carnivore and ungulate populations and allow managers to better design programs to meet
carnivore and ungulate population objectives.
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Section 1 – Introduction and Project Background

Elk (Cervus canadensis) are an iconic species throughout the western United States and
play a large role across ecological (Kauffman et al. 2010), social (Haggerty and Travis 2006) and
economic (US Department of the Interior et al. 2014) landscapes. However, since the early
2000s, declines in elk numbers and recruitment (i.e., calf survival from birth to age 1) in some
parts of the western United States resulted in concerns that the recovery of large carnivores such
as wolves (Canis lupus), mountain lions (Puma concolor) and grizzly bears (Ursus arctos) has
affected elk populations (Bunnell et al. 2002, Griffin et al. 2011a). Thus, wildlife managers are
increasingly focused on understanding and managing the effects of predation on elk populations.
Carnivore recovery is important to elk populations because predation may be a proximate
limiting and regulating factor for many elk populations (Messier 1994, Hebblewhite et al. 2002,
Garrott et al. 2008b). In addition to carnivore recovery, changing elk harvest management
prescriptions, shifts in land use, and changing habitat and climatic conditions all contribute to a
complex suite of variables with the potential to affect elk population dynamics. Because of this
complexity, understanding the effects of predation on elk population dynamics is difficult, and
determining appropriate management actions is challenging.
In the western United States, carnivore recovery has had varying effects on elk
populations as the effects of carnivore predation are complex and vary across systems with
different carnivore-ungulate assemblages (White and Garrott 2005). In some areas, bear
predation is an important mortality source for calves (Smith, et al. 2006, Raithel et al. 2007,
White et al. 2010, Lukacs et al. 2018), especially in areas where grizzly bear populations have
8

increased over recent decades (Singer et al. 1997, Barber-Meyer et al. 2008). In other systems,
mountain lion predation is the primary mortality source for calves (Myers et al. 1998, Johnson et
al. 2013, Eacker et al. 2016). Although public attention is often focused on the effects of wolf
recovery on ungulate populations, the impacts vary, with relatively minor effects reported in
some studies (Vucetich and Peterson 2004, Barber-Meyer et al. 2008, White et al. 2010, Eacker
et al. 2016) and larger effects reported in others (Hebblewhite et al. 2002, Garrott et al. 2008).
Furthermore, if elk populations are limited by factors such as weather or habitat (Garrott et al.
2003, Griffin et al. 2011, Johnson et al. 2018), or if predation is compensatory with other factors
(Singer et al. 2003, Garrott et al. 2008), changes in carnivore populations may or may not result
in changes in the key vital rates that drive elk population growth. These results highlight the
importance of understanding the uncertainties associated with carnivore predation as managers
try to evaluate the efficacy of various management programs.
To achieve ungulate population abundance goals and address concerns regarding effects
of predation, wildlife managers may design integrated carnivore-ungulate harvest management
programs. When ungulate populations are low, integrated carnivore-ungulate management
programs employ a combination of liberalized carnivore and restrictive ungulate harvest
regulations to achieve increases in the ungulate population. These differ from predator control
programs in which liberalized carnivore harvest regulations are applied without adjusting
ungulate harvest regulations and may include a combination of hunters or management actions to
achieve carnivore reductions. Multiple factors affect the efficacy of integrated carnivoreungulate management, including the duration of the carnivore control effort, the magnitude of
the carnivore population reduction during treatment, weather conditions during and after
treatment (Boertje et al. 1996), and interactions with other predators and prey in the system
(Arthur and Prugh 2010, Prugh and Arthur 2015). Therefore, there are important assumptions
underlying the prescription of an integrated carnivore-ungulate harvest management program: 1)
carnivore harvest will reduce the abundance of the carnivore population, 2) the carnivore
population reduction will result in reduction of the total ungulate predation rate (defined as the
product of the killing rate and numeric response that translates as mortality rate), and 3) the
reduction in total predation rate will result in additive increases in key vital rates that increase the
ungulate population growth rate. If all of these assumptions are valid, then integrated carnivoreungulate harvest management programs may be a useful tool for wildlife managers seeking to
increase ungulate population abundances.
Integrated carnivore-ungulate management programs designed to reduce carnivore
populations to increase ungulate recruitment and population growth have been implemented in a
variety of ecological systems. However, effects of these management programs on ungulate
populations are debated and effects vary across ecological systems (Boertje et al. 1996, Hayes et
al. 2003, White et al. 2010, Hurley et al. 2011, Keech et al. 2011, Tatman et al. 2018). Multiple,
multi-year studies of bear-wolf-moose (Alces alces) systems in Alaska found that predation was
the dominant factor affecting moose populations, and, in many cases, experimental reductions of
predators increased moose populations (see Boertje et al. 2010 for review; but see also Hayes et
al. 2003). In the Rocky Mountains, an experimental study in a bear-mountain lion-elk system
found that increased bear and mountain lion harvest increased elk calf survival (White et al.
2010), though effects of predator harvest on predator populations was not directly assessed. An
experimental study within the Rocky Mountains in a coyote-mountain lion-mule deer system
found only short-term, weak responses of mule deer (Odocoileus hemionus) survival and
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population trends following mountain lion reductions (Hurley et al. 2011). These varying results
reflect the complex interactions that affect predator-prey dynamics.
In addition to the underlying complexities of predator-prey dynamics, multiple other
sources of uncertainty affect the extent to which carnivore harvest regulations influence ungulate
population dynamics. First, objectives of the prescribed carnivore harvest may or may not be
achievable using hunter harvest (White et al. 2010, Bischof et al. 2012, Tatman et al. 2018).
Second, realized carnivore harvest may or may not result in a biologically significant change in
carnivore abundance. Moreover, in many previous studies, changes in carnivore harvest and
population abundances were often not measured, resulting in a relatively weak experimental
design and limited inferences. Third, a change in carnivore abundance (even if harvest is
achieved) and the associated predation rate may or may not affect ungulate population growth
rate depending on the degree to which predation affects different vital rates as compared to other
factors such as weather or habitat productivity (White and Garrott 2005, Melis et al. 2009,
Boertje et al. 2010). This is ultimately related to the degree to which predation mortality is
compensatory or additive (Singer et al. 1997, Griffin et al. 2011, Brodie et al. 2013). Thus, the
efficacy of integrated carnivore-ungulate management varies across systems, making it difficult
for wildlife managers to develop and evaluate effective programs to balance carnivore and
ungulate populations at desired levels.
Evaluating the effects of integrated carnivore-ungulate management on carnivore and
ungulate populations requires estimating important population parameters of both carnivores and
ungulates before and after harvest prescriptions are implemented. As such, an initial step in
evaluating the efficacy of integrated carnivore-ungulate management is determining if carnivore
harvest prescriptions achieve desired carnivore harvest and population management goals.
Estimating carnivore population size is challenging, however, because carnivores often occur at
low densities, are wide-ranging and difficult to detect, and often violate closure assumptions
employed in traditional capture-recapture population estimation. Recent advances in spatial
capture-recapture modeling provide an efficient method of estimating carnivore population size (
Proffitt et al. 2015, Boulanger et al. 2018, Paterson et al. 2019a) that accounts for the
shortcomings of capture-recapture methodology by incorporating the spatial organization of
individuals through estimation of trap-specific capture probabilities while also accounting for
detection. These methodologies allow wildlife managers to monitor carnivore abundances before
and after implementing harvest prescriptions and to evaluate if harvest prescriptions meet the
carnivore population management objectives.
In addition to monitoring changes in carnivore abundances, managers need to evaluate
ungulate population demography pre- and post- harvest treatment to determine if changes in
carnivore populations result in changes in ungulate vital rates, and, ultimately, population growth
rate and abundance. Survival of prime-aged females and recruitment can both have strong
impacts on a population's trajectory (Gaillard et al. 1998, 2000, Eacker et al. 2016). However,
while adult female survival is often high and relatively stable (Nelson and Peek 1982, Garrott et
al. 2003), juvenile survival tends to be highly variable and consequently may be a more common
driver of ungulate population dynamics (Raithel et al. 2007, Harris et al. 2008). Recruitment,
which incorporates fecundity and juvenile survival to age l, represents an important demographic
parameter that wildlife managers often use to track trends in population growth rates (DeCesare
et al. 2012). Although direct assessments of juvenile survival using marked animals offers the
most accurate and informative measure of recruitment, such data are difficult and expensive to
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collect and may not be a feasible option. Age ratios (i.e., number of juveniles per 100 adult
females) are a less expensive and less time-intensive alternative that provide an index of
recruitment that is often used by managers to monitor populations (Harris et al. 2008). Such
extensive spatiotemporal datasets offer the potential for monitoring changes in recruitment and
for assessing long-term trends in populations (Harris et al. 2008, DeCesare et al. 2012).
Evaluating the success of a management program in meeting the ungulate population
objectives is often achieved through monitoring programs that estimate animal counts and age
ratio data (e.g., calf:cow ratios) as an index of juvenile recruitment (e.g., Lukacs et al. 2018).
Ungulate population monitoring programs are routinely employed by state wildlife management
agencies annually or biannually. However, uncertainty in the relationship between uncorrected
count data and true population size (e.g., sightability, Steinhorst and Samuel 1989), and between
age ratio data and annual calf survival (Harris et al. 2008), makes the detection of changes in
ungulate population size and juvenile recruitment challenging. Recent methodological advances
allow for count and age ratio data to be used in integrated population models that partition the
variance in observations into variation associated with biological processes and sampling
processes to more precisely estimate demographic parameters, and evaluate associated changes
in vital rates and abundance (Link and Nichols 1994, Kéry and Schaub 2011, Nilsen and Strand
2018). However, even with new methods available that improve managers’ ability to monitor
and estimate populations, the uncertainties in the relationship between prescribed carnivore
harvest and ungulate population responses make the effectiveness of integrated carnivoreungulate management programs uncertain.
In west-central Montana, carnivore recovery concurrent with low recruitment and overall
declines in elk populations raised public concerns about the effects of increasing carnivore
populations on local elk herds (Eacker et al. 2016). In this area, similar to other parts of the
western United States, calf recruitment is a primary factor affecting elk population growth
(Raithel et al. 2007, Eacker et al. 2016). Recent studies in the Bitterroot Valley have indicated
mountain lion predation as the primary source of calf mortality (Eacker et al. 2016, Forzley
2019). In response to these concerns, wildlife managers in Montana Fish, Wildlife and Parks
(MFWP) Region 2 implemented an integrated carnivore-ungulate harvest management program
designed to increase elk populations through a reduction in carnivore abundance via increased
hunter harvest in conjunction with more restrictive elk harvest.
A primary objective of the carnivore harvest management program was to reduce
mountain lion populations by approximately 30% over three watersheds within the region that
had declining elk recruitment and populations, while maintaining stable mountain lion
populations in a fourth watershed where elk populations were stable. Mountain lion populations
are resilient to high harvest and capable of recovering quickly following intensive harvest (Ross
and Jalkotzy 1992, Robinson and DeSimone 2011). The objective of a 30% reduction therefore
represented a short-term strategy for temporarily reducing the mountain lion population to boost
elk populations, while conserving the long-term viability of mountain lions in the area. Given
social controversy surrounding mountain lion harvest objectives, a targeted reduction of >30%
was unlikely to be acceptable (Mitchell et al. 2018a). In west-central Montana, the estimated
female mountain lion harvest rate averaged 7% prior to treatment during 2004-2010, whereas a
female mortality rate of approximately 20% or greater is needed to achieve population reduction
(Robinson et al. 2014). Therefore, to temporarily reduce mountain lion populations, the harvest
management objective was to achieve a targeted 35% harvest rate on adult female mountain lions
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for 3 years and maintain male harvest opportunity and harvest rates at levels similar to the
historic average. Harvest quotas to achieve the targeted 35% harvest rate were designed based on
mountain lion population abundance estimates (Robinson et al. 2015) and achieved via
liberalized female harvest quotas and public hunting seasons. Following the treatment, the
management objective shifted to maintaining a stable mountain lion population by reducing
female harvest rates.
Additionally, black bear (Ursus americanus) and wolf harvest regulations were
liberalized during this period. The spring black bear hunting season was extended by two weeks.
After wolf management returned to the State of Montana and hunting resumed in 2011, MFWP
implemented increasingly liberalized wolf hunting regulations over the following 3 years. These
changes included adding a trapping season, removing the state-wide quota, extending the season,
and increasing bag limits for individual hunters.
These changes in carnivore management in west-central Montana provided a unique
opportunity to build on a recently completed elk-carnivore project and conduct a robust beforeafter-control-impact evaluation of the effects of carnivore management on carnivore and elk
populations. We focused on evaluating the efficacy of mountain lion harvest management as a
tool for increasing elk calf survival and population growth rates because previous work
demonstrated that predation rates on elk calves from black bears and wolves were relatively low,
whereas predation from mountain lions was an important factor limiting elk populations (Eacker
et al. 2016). During 2011–2014, we evaluated elk calf survival rates, and rates of predation from
mountain lions and other large carnivores in the area (Eacker et al. 2016). We also estimated pretreatment mountain lion density in an area managed for mountain lion reduction (Bitterroot study
area) and an area managed for stability (Upper Clark Fork study area). Building from these
previous efforts, the purpose of this project was to evaluate elk calf survival, cause-specific
mortality, and population growth rates, as well as carnivore densities, to assess the effect of
carnivore harvest management on carnivore and elk populations. Specific goals included the
following:
1. Evaluate the extent to which mountain lion harvest and density can be controlled by
wildlife management prescriptions (liberalized public harvest opportunities).
2. Evaluate the extent to which wolf harvest and minimum wolf counts can be controlled by
wildlife management prescriptions (liberalized public harvest opportunities).
3. Evaluate the extent to which black bear harvest is controlled by wildlife management
prescriptions (liberalized public harvest opportunities).
4. Evaluate the effects of carnivore harvest regulations on elk calf survival and causespecific mortality rates.
5. Evaluate the effectiveness of using mountain lion harvest as a tool for increasing elk calf
recruitment in west-central Montana.
6. Evaluate the relative effects of factors wildlife managers have some degree of control
over in the short term (carnivore density), some degree of influence over in the long term
(habitat-related nutritional differences), and factors wildlife managers cannot control
(weather, landscape attributes) on elk calf recruitment in west-central Montana.
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Section 2 – Study Area

The study area is located in MFWP administrative Region 2 of west-central Montana.
The region is 27,324 km2 and includes 28 elk hunting districts (Figure 2.1). Approximately 62%
of the region is public land, the majority of which is managed by the United States Forest
Service. Portions of this study were focused in the southern Bitterroot watershed located
primarily in Ravalli County (Bitterroot) and the Rock Creek and Flint Creek portions of the
Upper Clark Fork watershed located primarily in Granite County (Upper Clark Fork, Figure 2.2).
The Bitterroot study area is 3,350 km2 and includes the East Fork and the West Fork drainages of
the Bitterroot River. The East Fork drainage (hunting district [HD] 270) encompasses the annual
range of the East Fork elk herd, a portion of which migrate to summer in the Big Hole Valley
(HD 334). The West Fork drainage (HD 250) encompasses the primary annual range of the West
Fork elk herd. Elevations range from 1200 m to 2600 m, with moderate to steep terrain.
Precipitation in the Bitterroot study area ranges annually from 40 cm in the valley bottoms to 88
cm in the mountains, and primarily falls as snow during winter. The Upper Clark Fork study area
spans portions of elk HDs 210, 211, 212, 213, 214, 215 and 216. Elevations range from 1095 m
to 2753 m, with moderate to steep terrain. Precipitation ranges annually from 31 cm in the valley
bottoms to 113 cm in the mountains and primarily falls as snow during winter (Group 2011).
13

Ungulate species in both study areas include elk, white-tailed deer (Odocoileus virginianus),
mule deer, bighorn sheep (Ovis canadensis) and moose. Large carnivores occurring during this
study include gray wolves, mountain lions, and black bears.

Figure 2.1 The study area was MFWP Administrative Region 2 in west-central Montana (Panel
a, shaded gray). Elk within the study area are managed within 28 different hunting districts
(Panel b, black lines).

Figure 2.2 Portions of this study were focused in the southern Bitterroot watershed located
primarily in Ravalli County (Bitterroot study area) and the Rock Creek and Flint Creek portions
of the Upper Clark Fork watershed located primarily in Granite County (Upper Clark Fork
study area). The Bitterroot study area included hunting districts (HD) 250, 270 and 334 (red)
and the Upper Clark Fork study area included HD 210, 211, 212, 213, 214, 215 and 216 (black).
14

Elk Populations
Two elk populations occupy the Bitterroot study area: the West Fork and the East Fork
populations. These two populations are managed within MFWP HDs 250 and 270, respectively.
Prior to the 2014 hunting season, the boundary between these two HDs was adjusted to more
accurately reflect the range of these elk populations and allow wildlife managers to more
precisely manage each population. As a result, HD 250 was reduced in size, while HD 270
expanded. After this adjustment was made, count data was adjusted to reflect the current HD
boundaries; however, classification data, including calf recruitment estimates, could only be
revised back to 2002. The count data adjusted to reflect the current HD boundaries shows the elk
population in HD 250 steadily increased from approximately 330 elk in 1980 to a high of 1,300
in 2005, then declined to 550 observed elk by 2009. Calf recruitment in HD 250 from 1980–2006
fluctuated between 25–45 calves:100 adult females, before declining to 8 calves:100 adult
females in 2009. During 2009–2017, the population and recruitment have increased to 850 elk
and 29 calves:100 adult females (Figure 2.3). The elk population in HD 270 was stable at about
1,000 from 1980–1998, then steadily increased to a high of 4,400 observed elk in 2013. From
2013–2017, the elk population remained right around 4,000. Calf recruitment was generally
between 30–50 calves:100 adult females from 1980–2006, before declining to 15 calves:100
adult females in 2009. Since 2009, calf recruitment has fluctuated between 16-33 calves:100
adult females (Figure 2.3).

Figure 2.3 The number of total elk and the calves:100 adult females counted during aerial
spring surveys in the (a) HD 270, the East Fork drainage and (b) HD 250, the West Fork
drainage from 1980–2017. A boundary change prior to the 2014 season expanded HD 270 and
reduced HD 250 and data presented here throughout 1980–2017 are summarized to reflect
current boundary definitions.
Antlerless harvest in HD 250 has been by restricted general license opportunity (e.g.
archery, youth, portion of the rifle season with/without a quota) and limited antlerless-only tags
(i.e., B-licenses or antlerless permits) since 1980, with license numbers ranging between 100–
300 from 1980–2005. From 2008–2010, antlerless harvest in HD 250 was limited to 25–50
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antlerless-only tags per year and all general license antlerless opportunity was removed in 2010.
Antlerless-only tags were reduced to 0–5 per year during 2011–2013 in response to the declining
elk population and were removed altogether from 2014–2017. In addition, antlered bull harvest
in HD 250 was restricted to 25–35 limited entry permits during 2011–2017. Antlerless harvest in
HD 270 has been on special tag or a combination of special tag and general season quota since
1980. During 1980–2009, the number of special permits fluctuated between 200-500, before
being reduced to 20 during 2010–2013. Antlerless tags were increased to 350-450 during 2014–
2017. In addition, antlered bull harvest was changed from the general tag to a more restrictive
unlimited entry permit during 2012–2017 in response to low bull:cow ratios. In HD 250, annual
antlerless harvest averaged 74 from 1980–2003, then increased to 139 during 2004-2010. During
2011–2017, average annual antlerless harvest dropped to 4 as harvest was limited as part of the
integrated harvest management program. Antlered bull harvest averaged 108 from 1980–2003,
declined to 86 during 2004–2010, and then dropped to 23 during 2011–2017 as harvest was
limited. In HD 270, antlerless and antlered harvest averaged 195 and 239 during 1980–2003 and
increased to 330 and 253 during 2004–2010. During 2011–2017, average antlerless harvest
declined to 102, while antlered bull harvest increased to 285.
In Montana, state law requires MFWP to manage elk populations within population
objectives, as defined by the State Elk Management Plan (Hamlin 2004). During our study, the
elk management objectives were to increase the HD 250 population towards its population
objective of 1,400 elk and to maintain the HD 270 population at current levels given the
population objective of 3,800.
Two elk populations occupy the Upper Clark Fork study area: the HD 216 and HD 210
populations. The Rock Creek elk population in HD 216 has remained relatively stable during
2005–2017, averaging 255 observed elk. The Antelope Hills population in HD 210 increased
from 800 to 2000 observed elk during 2005–2011 and remained relatively stable at an average of
1,485 observed elk since 2011. Bull elk harvest is allowed on the general elk license, and
antlerless elk harvest is allowed through limited-entry antlerless tags. Antlerless harvest has
remained relatively stable in HD 216 and HD 210 averaging 40 and 130 antlerless elk per year
during 2011–2017. During the study, the elk management objective was to maintain the HD 216
population at current levels given the population objective of 325 observed elk and reduce the
HD 210 population toward the population objective of 850 observed elk.
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Section 3 – Mountain Lion Harvest Management and
Population Abundance
Introduction
The recovery and
recolonization of mountain
lions across their historic
range has led to concern
regarding their potential
effects on elk and other
ungulate populations
(Pletscher et al. 1997, Riley
and Malecki 2001, Kendall
et al. 2009), and mountain
lions have been identified as
an important source of
mortality for elk calves in
many ecosystems in North
America (Rearden 2005,
Eacker et al. 2016). In
February 2012, the Montana
Fish and Wildlife
Commission adopted mountain lion harvest management regulations for west-central Montana
intended to achieve sufficient mountain lion harvests, particularly harvest of females, to decrease
the size of some mountain lion populations while also considering broader-scale mountain lion
conservation, desired mountain lion hunting opportunity, and the balance of a large carnivore
complex with dynamic ungulate populations. The harvest management regulations were
designed to reduce mountain lion abundance by 30% across three watersheds in west-central
Montana including the Bitterroot study area (treatment area), and manage lion population sizes
for stability across one watershed that included the Upper Clark Fork study area (control area,
Figure 3.1). In west-central Montana, the estimated female mountain lion harvest rate averaged
7% prior to treatment during 2004–2010, whereas a female mortality rate of approximately 20%
or greater is needed to achieve population reduction (Robinson et al. 2014). Therefore, to
temporarily reduce mountain lion populations by 30%, the harvest management objective was to
achieve a targeted 35% harvest rate on adult female mountain lions for 3-years and maintain
male harvest opportunity and harvest rates at levels similar to the historic average. Harvest
quotas to achieve the targeted 35% harvest rate were designed based on available mountain lion
population abundance estimates (Robinson et al. 2015) as well as social tolerance for harvest
levels (Mitchell et al. 2018) and achieved via liberalized harvest quotas and public hunting
seasons for mountain lions. Following the 3-year treatment, the management objective was to
reduce female harvest rates and manage for stable populations. Due to limited social tolerance
for female harvest, the achieved treatment included only 2-years of higher female harvest quota,
followed by reduced female harvest quota and increased male harvest quota.
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Understanding the effects of mountain lion harvest management on mountain lion
populations requires estimating important demographic parameters of mountain lion populations
before and after harvest management prescriptions are implemented. Estimating mountain lion
population size is challenging though, because mountain lions occur at low densities, are wide
ranging and difficult to detect, and often violate closure assumptions employed in traditional
capture-recapture population estimation. However, recent advances in spatial capture-recapture
modeling provide an efficient method of estimating carnivore population size (Proffitt et al.
2015, Boulanger et al. 2018, Paterson et al. 2019a) that accounts for the shortcomings of capturerecapture methodology by incorporating the spatial organization of individuals through
estimation of trap-specific capture probabilities while also accounting for detection probability
(Efford and Fewster 2013, Efford 2014). These methodologies allow wildlife managers to
estimate mountain lion abundances before and after implementing harvest management
prescriptions, and to evaluate the effectiveness of these prescriptions on achieving population
management objectives.
In this section, our objective was to evaluate the effects of mountain lion harvest
management on mountain lion population abundance. We used a before-after-control-impact
design to evaluate if harvest management resulted in changes in mountain lion abundance within
the Bitterroot treatment (i.e., a watershed managed for mountain lion population reduction)
and/or Upper Clark Fork control (i.e., a watershed managed for stable mountain lion populations)
areas. Better understanding the extent to which mountain lion harvest and population abundance
are controlled by harvest management regulations will improve the ability of wildlife managers
to better achieve desired population goals.
M ethods
To assess the effects of harvest management on mountain lion abundance, we used spatial
capture-recapture modeling to compare mountain lion abundance in a treatment and control area
before and after 4 years of increasing quotas in the treatment area (Figure 3.1). We estimated
pre- and post-treatment abundance in a portion of the area managed for mountain lion reduction
(Bitterroot study area) in 2012 and 2016, respectively. The Bitterroot study area spanned
portions of mountain lion management units (LMUs) 250 and 270 and was located within a
watershed managed for mountain lion population reduction (i.e., treatment area). We estimated
pre- and post-treatment abundance in a portion of the area managed for stability (Upper Clark
Fork study area) in 2013 and 2017, respectively. The Upper Clark Fork study area spanned
portions of LMUs 210, 211/216, 212/215, and 213/214, and was within a watershed managed for
stable mountain lion populations (i.e., control area). Mountain lion management units within
these areas have had variable mountain lion harvest quotas, and presumably population sizes,
during the past 20 years.
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Figure 3.1 We estimated mountain lion abundance in an area managed for reduced mountain
lion populations (Bitterroot study area) and stable mountain lion populations (Upper Clark Fork
area) before and after 4-years implementation of harvest management regulations designed to
reduce mountain lion populations in three watersheds (shaded red) and maintain stable
populations in one watershed (shaded blue) in west-central Montana.

Mountain lion sampling and genetic analysis
The sampling period was December 1 – April 15. We overlaid a grid of 5 x 5-km cells
across each study area (see Figure 3.1). We started searching for mountain lion sign each day in
a randomly assigned grid cell. We stratified the starting location of sampling in this manner to
ensure sampling was allocated across both the high and low-quality mountain lion habitat within
each study area, previously modeled in Robinson et
al. 2015. Hound handlers searched for mountain lion
tracks and opportunistically collected hair and scat
samples. When a fresh track was located, the handler
would release trained hounds to locate and tree the
mountain lion. Muscle samples were collected from
treed animals using biopsy darts fired from a CO2powered rifle (Palmer Cap-Chur brand). Tracks were
inspected to determine if the mountain lion was
independent or associated with a family group, and
group size was recorded. The estimated age and sex of
the animal samples was recorded to determine which
member of the group was the mother and/or potential
offspring (actual sex and relatedness was determined
based on DNA analysis, see below). All field teams
used a Global Positioning System (GPS) to record the
length (in km) and location of their search effort.
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Management removals (e.g. for livestock depredation) and hunter harvest occurred during
the sampling period. In Montana, the hide and skull of all harvested mountain lions must be
presented to MFWP, and we collected muscle samples from management removals and
harvested animals to be included in our dataset. We also used information from the mandatory
check to estimate annual harvest of male and female mountain lions within the study areas.
We collared a sample of mountain lions in the Bitterroot and Upper Clark Fork study
areas to collect movement data to inform the space use component of the spatial capturerecapture model (see below). We programmed collars to collect 6 locations per day, upload
locations daily through the Iridium satellite system, and then drop off the animal after 24 months
(Telonics style TGW-4477-4, Telonics telemetry-electronics Consultants, Arizona, USA).
We performed genetic analysis of hair, scat, and muscle samples to identify the sex and
individual identity of sampled mountain lions (Russell et al. 2012, Proffitt et al. 2015). We tested
the relatedness of any samples that we collected from animals encountered as part of a potential
family group. If animals were related based on DNA analyses and field-identified as an adult
female and subadult(s) that were traveling together, we censored the subadult(s) consistent with
including only the mother. This removed dependent offspring traveling with their mother from
the dataset. If animals were related based on DNA and both were field-identified as subadults
that were traveling together, we included both subadult siblings in the analysis. This resulted in
only independent-aged animals being included in our analysis and estimates of abundance.
Complete details of mountain lions sampling and genetic analysis may be found in Proffitt et al.
(2015).

Spatial capture-recapture modeling
We developed a multistrata spatial capture-recapture model to estimate the spatial
abundance of mountain lions in each of our two study areas during both the pre-treatment and
post-treatment sampling periods. There are three main components of our SCR model: a model
for the distribution of animal activity centers in space, a model for the probability of encounter
given activity centers, and a model for the telemetry information. Previous work in this system
(Proffitt et al. 2015) strongly suggested that the abundance of animal activity centers was highly
associated with values of a separately estimated mountain lion resource selection function (RSF;
Robinson et al. 2015). The first component of our model then expressed the expected number of
activity centers in each statespace cell as a function of the RSF value on the log scale:
log(𝜇(𝑠, 𝜷)) = 𝛽0 + 𝛽𝑅𝑆𝐹 RSF(s),
where 𝜇(𝑠, 𝛽) is the expected number of activity centers in statespace cell s given the covariate
value RSF(s) and regression coefficients 𝛽0 , 𝛽𝑅𝑆𝐹 ).
We defined our observation process using the bivariate-normal model to define how the
probability of detecting individual i in trapping cell j on occasion t decays with the distance from
the location of an individual’s activity center (𝑠𝑖 ) and the center of a trapping cell (𝑥𝑗 , d(𝑥𝑗 , 𝑠𝑖 ))
such that the probability of observation was:
2
−1
0
𝑝𝑖,𝑗,𝑡 = 𝑝𝑖𝑗𝑡
exp (2𝜎2 ∗ d(𝑥𝑗 , 𝑠𝑖 ) ) ,
sex
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0
where 𝑝𝑖𝑗𝑡
was the probability of detection when the distance between an individual’s activity
center and the trap was zero (d(𝑥𝑗 , 𝑠𝑖 ) = 0), and 𝜎𝑠𝑒𝑥 was the sex-specific scale parameter that
0
regulates how the probability of detection declines with distance. We defined 𝑝𝑖𝑗𝑡
on the logit
scale:
0
logit(𝑝𝑖𝑗𝑡
) = 𝛼 + 𝛽𝑠𝑒𝑥 (Sex𝑖 ) + 𝛽𝑒𝑓𝑓𝑜𝑟𝑡 ∗ log(effort𝑗𝑡 )
where 𝛼 was the baseline detection probability, Sex𝑖 is an indicator variable (Female = 0, Male =
0
1), and effort𝑗,𝑡 is the effort expended in cell j during occasion t. We set 𝑝𝑖𝑗𝑡
to zero for any
trapping cell in which no effort was expended. We included the locations of harvested
individuals as if they arose from the detection process; previous work has suggested this
introduces negligible bias into estimates (Paterson et al. 2019b) and can improve inference in
SCR-based estimates of abundance (Proffitt et al. 2015). We then censored these animals from
the model for all occasions following harvest to avoid a bias in detection probabilities.
Finally, we defined the telemetry model as a multinomial process where the number of
daily locations for animal i in any statespace cell given an activity center 𝑠𝑖 was governed by an
underlying model of space use that shared the space use parameters with the observation model,
2
𝜎sex
:
m𝑖 ~ Multinomial(R 𝑖 , π𝑖 )
where Ri is the total number of fixes for individual i, and π𝑖 is the vector of probabilities defined
as:
−1
∗d(𝑥𝑘 ,𝑠𝑖 ))
2𝜎2
sex
−1
∑𝑆
𝑘=1 exp (2𝜎2 ∗d(𝑥𝑘 ,𝑠𝑖 ))
sex

exp (

π𝑖,𝑘 =

,

where S is the total number of statespace cells in the study area.
One of our key goals was to understand how inferences on abundances changed in the
presence of potential underlying variation in baseline detection (𝛼) and space use parameters
2
(𝜎sex
). Our multistrata model formulation allowed us to construct four models that allowed
different amounts of information to be shared across study areas. We predicted that sharing
information across time and space would improve inference, and we tested this prediction by
comparing inference from the 4 competing multistrata models. Additional details regarding the
modeling approach and goodness of fit may be found in Paterson et al. (2019b).

Results
Mountain lion harvest management quotas and harvest
During the six years of this study (2012–2017), management success (percent of the
prescribed quota achieved) was high for both male and female mountain lions. In the Bitterroot
treatment area, the average prescribed male and female quota was 3.3 males and 2.9 females per
1000km2/year during 2012–2017, and the average harvest was 3.0 males and 2.5 females per
1000km2/year (Table 3.1). The average male and female harvest management success was 92%
and 85%, respectively. In the Upper Clark Fork control area, the average prescribed male and
female quota was 2.4 males and 0.7 females per 1000km2/year during 2012–2017, and the
average harvest was 1.9 males and 0.5 females per 1000km2/year (Table 3.1). The average male
and female harvest management success was 79% and 70%, respectively.
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Table 3.1 The male and female mountain lion harvest quotas and achieved harvest for the
Bitterroot and the Upper Clark Fork study areas in west-central Montana during 2006–2017.
The Bitterroot study area included lion management units 250 and 270 and was managed for
mountain lion population reduction during 2012–2013 (treatment area), and the Upper Clark
Fork study area included lion management units 211/216, 210, 212/215, and 213/214 and was
managed for stable mountain lion population abundance (control area). The male and female
harvest quota (number per 1000 km2) is reported for comparison because the area of the
Bitterroot and Upper Clark Fork study areas differed. Values indicated with an * indicate total
quota (male and female quota), rather than male quota.
Prescription Study
Type
area

Year

Treatment
Treatment
Treatment
Treatment
Treatment
Treatment
Treatment
Treatment
Treatment
Treatment
Treatment
Treatment
Control
Control
Control
Control
Control
Control
Control
Control
Control
Control
Control
Control

2006
2007
2008
2009
2010
2011
2012
2013
2014
2015
2016
2017
2006
2007
2008
2009
2010
2011
2012
2013
2014
2015
2016
2017

Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Clark Fork
Clark Fork
Clark Fork
Clark Fork
Clark Fork
Clark Fork
Clark Fork
Clark Fork
Clark Fork
Clark Fork
Clark Fork
Clark Fork

Male
Male Female Female
quota harvest quota harvest

7
7
7
20*
30*
40*
14
8
10
11
11
11
9
7
7
7
20*
20*
20
16
16
16
16
16

8
6
2
7
11
10
12
10
8
11
7
11
4
5
3
6
8
9
13
14
13
15
10
13

0
0
0
2
4
6
14
12
7
8
8
8
0
0
0
0
8
8
3
4
6
5
5
5

0
0
0
1
2
6
15
11
6
3
8
7
0
0
0
0
2
2
3
3
4
4
4
1

Male
Male Female Female
quota harvest quota harvest
per per 1000 per 1000 per 1000
1000
km2
km2
km2
2
km
2.10
2.40
0.00
0.00
2.10
1.80
0.00
0.00
2.10
0.60
0.00
0.00
6.00*
2.10
0.60
0.30
9.00*
3.30
1.20
0.60
11.99*
3.00
1.80
1.80
4.20
3.60
4.20
4.50
2.40
3.00
3.60
3.30
3.00
2.40
2.10
1.80
3.30
3.30
2.40
0.90
3.30
2.10
2.40
2.40
3.30
3.30
2.40
2.10
1.31
0.58
0.00
0.00
1.02
0.73
0.00
0.00
1.02
0.44
0.00
0.00
1.02
0.87
0.00
0.00
2.91*
1.16
1.16
0.29
2.91*
1.31
1.16
0.29
2.91
1.89
0.44
0.44
2.33
2.03
0.58
0.44
2.33
1.89
0.87
0.58
2.33
2.18
0.73
0.58
2.33
1.45
0.73
0.58
2.33
1.89
0.73
0.15
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Mountain lion SCR models
We evaluated four separate spatial capture-recapture models that shared different
amounts of information about baseline probabilities of detection and sex-specific space use
across the study areas (Table 3.2).
Table 3.2 Competing multistrata spatial capture-recapture models estimating mountain lion
spatial abundances within the Bitterroot and Upper Clark Fork study areas in west-central
Montana during two time periods corresponding to different mountain lion harvest management
prescriptions. Competing models shared different combinations of information on baseline
detection probability and sex-specific space use across study areas and time periods.
MODEL
1

MODEL DESCRIPTION
Baseline detection shared within study
areas only; Sex-specific space use
shared within study areas only

2

Baseline detection shared within study
areas only; Sex-specific space use
shared across study areas

3

Baseline detection shared across study
areas; Sex-specific space use shared
within study areas only

4

Baseline detection shared across study
areas; Sex-specific space use shared
across study areas

Across all models, the 90% credible intervals for the 𝛽𝑅𝑆𝐹 coefficient were positive (Figure 3.2).
For example, the estimates from Model 1 predict that abundance of activity centers in the
Bitterroot study area in 2012 increases from 0.20 (90% credible interval: 0.06, 0.35) for a
statespace cell with an underlying RSF value of 0.05 (the median RSF value) to 1.80 (1.12, 2.36)
for a cell with a value of 0.35 (90% quantile RSF value).
We found no evidence that males had a lower overall probability of detection for the
Bitterroot (2016) and Upper Clark Fork areas (2013 and 2017), which contrasts with the
Bitterroot (2012) where we found strong evidence that males had an overall lower probability of
detection. In the Bitterroot in 2012, the probability of detection for 20 km of search effort
(approximately the median across all years and study areas) was 0.11 [0.07, 0.15] for females
compared to 0.03 [0.01, 0.05] for males (Figure 3.3). The relationship between search effort and
detection was broadly consistent across study areas and years (Figure 3.3).
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Figure 3.2 Coefficient estimates (on the log scale) representing the effect of baseline probability
of detection (𝛽 o) and mountain lion resource selection function values of each statespace cell
(𝛽 RSF) on the expected number of mountain lion activity centers for each of four competing
spatial capture-recapture models estimating abundance of mountain lions in the Bitterroot and
Upper Clark Fork study areas of west-central Montana during 2012─2017. Diamonds represent
the mean of the posterior, light gray boxes the 50% credible interval and the whiskers the 90%
credible interval.
For example, Model 1 predicts the probability of detection for females in the Bitterroot (2012)
area increased from 0.11 (0.01, 0.15) to 0.28 (0.17, 0.38) as effort increased from 20 km to 100
km. The model-specific probabilities of detection weakly suggest that overall detection in the
Upper Clark Fork (e.g., 0.07 [0.04, 0.11] for females with 20 km of effort) is lower than in the
Bitterroot (0.11 [0.07, 0.15]), though overlap in the tails of the credible intervals prevents strong
inference (Figure 3.3).
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Figure 3.3 Coefficient estimates (on the log scale) representing the effect of baseline detection
probability (𝛼),search effort (𝛽 effort), and sex (𝛽 sex) on detection probability for each of four
competing spatial capture-recapture models estimating abundance of mountain lions in the
Bitterroot and Clark Fork study areas of west-central Montana during 2012–2017. Diamonds
represent the mean of the posterior, light gray boxes the 50% credible interval and the whiskers
the 90% credible interval.
2
Estimates of the space-use parameters (𝜎sex
) indicated differences among the sexes and
2
four formulations of model structures (Figure 3.4). All models strongly suggest that 𝜎male
is
2
2
higher than 𝜎female
in the Bitterroot (i.e., males use a larger space than females), and that 𝜎male
is
roughly commensurate between the study areas (i.e. male space use is similar between study
areas). Only models 1 and 2 separately estimated sex-specific space use for each study area, and
the resulting estimates indicated that females in the Upper Clark Fork are using larger areas than
females in the Bitterroot and are using areas roughly equal to the size of areas used by males in
the Upper Clark Fork (Figure 3.4).
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Figure 3.4 Coefficient estimates representing the effect of distance to an individual’s activity
center on female (σfemale) and male (σmale) mountain lion probability of detection for each of four
competing spatial capture-recapture models estimating abundance of mountain lions in the
Bitterroot and Upper Clark Fork study areas of west-central Montana during 2012–2017.
Diamonds represent the mean of the posterior, light gray boxes the 50% credible interval and
the whiskers the 90% credible interval.
Although the results of the goodness of fit metrics suggest that all models adequately fit
the data, the evidence for overall lower estimated probability of detection in the Upper Clark
Fork and the differences in sex-specific space use between the study areas from Model 1 suggest
that Model 1 is the most appropriate single model from which to make inferences on abundance
and density. We selected Model 1 as the most supported model, and report abundance and
density estimates from this model below. The resulting mountain lion abundance and density
estimates are very similar from all 4 models, and inferences about the effect of the mountain lion
harvest treatment on mountain lion abundance and density are not affected by model choice.

Mountain lion sampling
The number of sampling-days, amount of search effort, number of samples included in
analysis, and the number of individuals identified varied across the two study areas and two time
periods (Table 3.3). The number of individuals identified and the number of spatial captures in
each study area and time period, together with previous simulation-based work on the same
study design, suggest that each of our four datasets are adequate to produce unbiased spatial
capture-recapture abundance estimates (see Paterson et al. 2019a for details).
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Table 3.3 The number of sampling-days, search effort (in km), number of male and female
samples included in analyses, and the number of individual male and female mountain lions
detected in the Bitterroot and Upper Clark Fork study areas in west-central Montana during
2012–2017.
Study area

Bitterroot
Bitterroot
Clark Fork
Clark Fork

Year

2012
2016
2013
2017

Number
samplingdays
50
84
66
95

Search
effort
(km)
8,897
14,216
12,898
10,905

Number of
samples
Female
50
41
37
39

Male
28
33
23
27

Number of
individuals detected
Female
37
33
21
25

Male
25
21
14
17

Pre- and post-treatment mountain lion population estimates
We used the estimated relationship between the mountain lion RSF and the abundance of
activity centers combined with the estimated sex ratios from Model 1 to extract the predicted
abundances for each study area (i.e., the trapping grid) and year (Table 3.4). Additionally, we
extracted the predicted abundances for each hunting district within each study area and year
(Table 3.4). We found that mountain lion abundance declined in the Bitterroot treatment area but
not in the Upper Clark Fork control area (Figure 3.5). Our results indicate that overall abundance
declined in the Bitterroot study area from 2012 (mean = 161, 90% credible interval: [104, 233])
to 2016 (115 [69, 173]). Additionally, in the Bitterroot study area we found a change in the sex
ratio between 2012 (M:F = 0.50 [0.33, 0.67]) and 2016 (M:F = 0.28 [0.17, 0.40]). This
translated into a decline in the abundance of males, and similar abundances of females (2012:
males = 80 [52, 116], females = 81 [52, 117]; 2016: males = 33 [20, 49], females = 82 [49, 124]).
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Table 3.4 Predicted male and female mountain lion abundance (N), density (animals per
100km2), and 90% credible intervals (LCI, UCI) of total, male, and female mountain lions within
the trapping grid and hunting districts in the Bitterroot and Upper Clark Fork study areas
during 2012–2017.

Study Area
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Bitterroot
Clark Fork
Clark Fork
Clark Fork
Clark Fork
Clark Fork
Clark Fork

Year
2012
2012
2012
2012
2012
2012
2012
2012
2012
2016
2016
2016
2016
2016
2016
2016
2016
2016
2013
2013
2013
2017
2017
2017

Inference
trapping grid
trapping grid
trapping grid
HD 250
HD 250
HD 250
HD 270
HD 270
HD 270
trapping grid
trapping grid
trapping grid
HD 250
HD 250
HD 250
HD 270
HD 270
HD 270
trapping grid
trapping grid
trapping grid
trapping grid
trapping grid
trapping grid

Group
Total
Males
Females
Total
Males
Females
Total
Males
Females
Total
Males
Females
Total
Males
Females
Total
Males
Females
Total
Males
Females
Total
Males
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N
161
80
81
79
39
40
80
40
40
115
33
82
65
19
46
60
17
43
57
24
33
72
28
44

90%LCI
104
52
52
49
24
25
52
26
26
69
20
49
35
10
25
35
10
25
37
16
21
47
18
29

90%UCI
233
116
117
117
58
59
116
58
58
173
49
124
104
30
74
92
26
66
85
36
49
105
41
64

Density
6.13
3.05
3.09
4.32
2.13
2.19
5.31
2.65
2.65
4.38
1.26
3.12
3.55
1.04
2.51
3.98
1.13
2.85
1.68
0.71
0.97
2.12
0.82
1.30

90%LCI
3.96
1.98
1.98
2.68
1.31
1.37
3.45
1.73
1.73
2.63
0.76
1.87
1.91
0.55
1.37
2.32
0.66
1.66
1.09
0.47
0.62
1.38
0.53
0.85

90%UCI
8.88
4.42
4.46
6.39
3.17
3.22
7.70
3.85
3.85
6.59
1.87
4.72
5.68
1.64
4.04
6.10
1.73
4.38
2.50
1.06
1.44
3.09
1.21
1.88
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Figure 3.5 The total, female, and male mountain lion abundance within the Bitterroot and Upper
Clark Fork study areas of west-central Montana during 2012-2017 predicted from the most
supported spatial capture-recapture model (Model 1). Diamonds represent the mean of the
posterior and the whiskers represent the 90% credible interval.
In the Upper Clark Fork study area, we found evidence for an increase in overall
abundance between 2013 (57 [37, 85]) and 2017 (72, [47, 105]). However, we found no
meaningful change in the sex ratio between the 2013 (M:F = 0.42 [0.26, 0.58]) and 2017 (0.39
[0.25, 0.54]), resulting in estimated abundances of male and female animals between the two
time periods of 2013: males = 24 [16, 36], females = 33 [21, 49]; 2017: males = 28 [18, 41],
females = 44 [29, 64] (Figure 3.5).
In addition to overall changes in mountain lion abundance in the Bitterroot study area
driven by a decline in the number of males from 2012 to 2016, our results also suggest the
relationship between RSF values and mountain lion abundance differed between 2012 and 2016
for the Bitterroot study area (Figure 3.6). This difference results in predicting a different spatial
arrangement of mountain lions in the Bitterroot study area in 2012 and 2016. We found a more
positive association between RSF values and abundance of activity centers for the 2012
Bitterroot that strongly predicted high mountain lion abundances in the subset of areas with the
highest habitat quality (i.e., statespace cells with high RSF values), in contrast with the more
moderate relationship for the 2016 Bitterroot (Figure 3.6). This change in relationship suggests
that the difference in Bitterroot mountain lion abundance between the two years arose primarily
from a decline in abundance in areas with the highest habitat quality (Figure 3.6). This contrasts
the results from the Upper Clark Fork study area, where a similar estimated relationship between
RSF values and abundance of activity centers yields roughly similar maps of abundance and
comparatively minor differences in abundance between years (Figure 3.6).
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Figure 3.6 The predicted density (number per 4 km2) and change in density (number per 4 km2)
of mountain lions pre- (2012, 2013) and post- (2016, 2017) harvest management the Bitterroot
and Upper Clark Fork study areas of west-central Montana estimated from the most supported
spatial capture-recapture model.

Discussion
We found that the mountain lion harvest regulations implemented in west-central
Montana in 2012 achieved the management objective of moderately reducing mountain lion
population abundance within the treatment area. Using a DNA based spatial capture-recapture
approach to estimate annual mountain lion population abundance before and 4 years after the
harvest regulations were implemented, we were able to quantify the effects of the harvest
regulations on population abundance. We estimated a 29% reduction in the mountain lion
population within the treatment area (comparing abundance prior to and after the treatment), with
the greatest reductions occurring for males (59% reduction in estimated number of males in 2016
versus 2012). Four years after implementation of the harvest regulations, a robust mountain lion
population persisted within the treatment area in spite of the achieved reduction. Following
implementation of the harvest regulations, we estimated mountain lion density in the two hunting
districts within the treatment area at 3.6 and 4.0 mountain lions per 100 km2, indicating longterm mountain lion conservation goals were achieved and a relatively high-density population
persisted.
The mountain lion harvest regulations (i.e., number of quotas in each year) for the two
hunting districts in the Bitterroot study area during the first 2 years of treatment equated to a
prescribed female harvest rate of 5.3% and 4.5% in the first and second year, respectively (i.e.,
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female quota of 14 and 12 females per 3,335 km2, or 4.2 and 3.6 females per 1000/km2 with 80
estimated females between the two hunting districts), and a prescribed total harvest rate of 17.6%
and 12.6% in the first and second year, respectively (i.e., total quota of 28 and 20 animals per
3,335 km2 equating to 8.4 and 6.0 animals per 1000/km2 with 159 estimated animals between the
two hunting districts). While short-term increases in the female and male harvest during 2012–
2014 likely contributed to the overall population reductions, the male harvest during the period
between our two population estimates (2012–2016) was greater than the female harvest likely
contributing to the greater reduction in the male segment of the population and changes in sex
ratio.
Population estimates for elusive carnivore species such as mountain lions are necessary to
inform management and conservation decisions, and the methodology presented here improves
the ability to monitor carnivore populations. Two advancements to previous SCR population
estimation approaches are highlighted here: 1) the integration of collar location and recapture
data to estimate space use parameters (Paterson et al. 2019a), and 2) sharing of information
across years and study areas using a multistrata modeling approach. Both of these advancements
are aimed at improving the precision of population abundance estimates. Additionally, recent
simulation-based approaches to validation of SCR population estimates have been developed and
indicate that given the capture-recapture data available in each of our 4 study area-years, our
estimates of population abundance are unbiased (Paterson et al. 2019a). These recent advances
towards improving precision and detecting bias in SCR population estimates increases the
applicability of the SCR modeling approach and confidence in model-based population estimates
generated from robust datasets such as ours (Paterson et al. 2019a).
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Section 4 – Wolf Harvest Management and Population
Abundance
Introduction
Wolves emigrating from Canada expanded their distribution into northwestern Montana
in the 1980s. In 1995–1996, federal reintroduction efforts in Yellowstone National Park and the
central Idaho wilderness areas established wolf populations that later expanded their distribution
into west-central and southwest Montana. As wolf populations became established in the region,
concern regarding the potential effects of wolves on elk abundance and recruitment increased.
Between 2008 and 2011, wolves in Montana were federally delisted, relisted, and then delisted
again (Hanuska-Brown et al. 2011). This process resulted in a Montana wolf hunting season in
2009, no hunting season in 2010, and hunting seasons from 2011 through the present. Since
2011, wolves in Montana are subject to state management authority guided by the Montana Wolf
Conservation and Management Plan.
Since management authority returned to MFWP in 2011, wolf harvest limits and hunting
season dates have been liberalized across west-central Montana, and the use of specific trapping
methods has been approved. West-central Montana currently has 5 wolf management units
(WMUs) that each allow an 11-day archery-only season during early September, a 7-month
hunting season during mid-September–mid-March, and a 2.5-month trapping season from midDecember–late February. In 2011, wolf hunting was allowed with quotas established for each
WMU. Beginning in 2012, the wolf trapping season was added, with no WMU-specific quota
limits. Instead, harvest regulations are based on combined hunting and trapping bag limits of
wolves per person. In 2012, wolf harvest regulations limited each person to harvesting a
maximum of 3 wolves. In 2013 until present, wolf harvest regulations limited each person to
harvesting a maximum of 5 wolves.
Our objectives are to summarize wolf harvest in west-central Montana. We also
summarized the estimated minimum wolf population count and harvest for the Bitterroot study
area that formed the focal area of our overall project.

Methods
Hunters and trappers are required to report all harvested wolves to MFWP, and we used
these harvest data from 2009–2017 to track the number and location of wolves harvested
annually. Based on the reported harvest location, we assigned harvested wolves to hunt districts
to capture spatial variation in harvest. MFWP used a combination of radio-collaring efforts,
direct observational counts, remote cameras, and track surveys to annually track the wolf
population, document pack size and breeding pair status of known packs and determine pack
territories. We used these data to estimate the minimum count of wolves in each west-central
Montana hunting district on December 31st of each year (Coltrane et al. 2016). We assigned
wolves to hunting districts by intersecting their estimated home ranges with the hunting district
boundaries, and summing the total minimum count of all wolves in each pack whose home range
included a portion of the hunting district, with hunting districts being defined based on the
current boundary.
32

Results
The total reported wolf harvest in west-central Montana has varied through time and
averaged 54.4 wolves per year (SD=11.8) since management authority was returned to MFWP in
2011 (Figure 4.1). The reported harvest per hunting district has also varied annually during
2009–2017 (Figure 4.2). The minimum counts of wolves per hunting district has varied annually
(Figure 4.3) and averaged 10.2 (SD=7.2) wolves since 2011.
Within the Bitterroot study area, harvest within HD 270 and HD 250 has varied annually
(Figure 4.4) and since 2011 has averaged 3.1 (SD=2.9) in HD 250 and 5.6 (SD=4.8) in HD 270.
Wolves from the central Idaho experimental population expanded into study area in 2001, and
the populations increased until 2011 (Figure 4.4). Since 2011, estimated minimum counts in the
Bitterroot have averaged 12.7 (SD=6.1) in HD 250 and 16.0 (SD=3.7) in HD 270.

Figure 4.1 The total reported wolf harvest in west-central Montana during 2009–2017. There
was no hunting season in 2010 and wolf management authority was returned to MFWP in 2011.
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Figure 4.2 The reported wolf harvest in west-central Montana by hunting district during 2009–
2017. There was no hunting season in 2010. The vertical dashed line represents when wolf
management authority was returned to MFWP in 2011.

Figure 4.3 The estimated minimum count of wolves in west-central Montana by hunting district
during 2001–2017. The vertical dashed line represents when wolf management authority was
returned to MFWP in 2011.
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Figure 4.4 The reported hunter harvest (Panel a) and estimated minimum count (Panel b) of
wolves in HD 270 and HD 250 during 2001–2017. A boundary change prior to the 2014 season
expanded HD 270 and reduced HD 250. The vertical dashed line represents when wolf
management authority was returned to MFWP in 2011.

Discussion
Since management authority for wolves was returned to MFWP in 2011, harvest across
the west-central Montana region and across hunting districts within west-central Montana has
varied annually. An adequate sample of harvest data under different regulation types is not
available to compare to the effects of the harvest regulations on wolf harvest. Additionally,
because information on wolf population size are limited to minimum counts, our inference as to
the effects of harvest regulations on population size in west-central Montana is limited. Within
the Bitterroot study area, the minimum estimate of wolf abundance has stabilized since the
implementation of the 2013 harvest regulations; however, this weak association is insufficient to
draw broad inferences as to the effects of wolf harvest regulations on harvest and population
abundance.
Previous research has found wolf harvest to be correlated to local wolf population size,
such that larger populations create more exposure to hunting and trapping (Robichaud and Boyce
2010, Gude et al. 2012). Absent extensive efforts to reduce or eradicate populations, wolf
populations throughout their range tend to exhibit high population growth rates when suitable
prey bases are available (Ballard et al. 1987, Pletscher et al. 1997, Hayes and and Harestad 2000,
Fuller et al. 2003), and we expect the same is true across west-central Montana where common
prey including white-tailed deer, mule deer and elk exist. Even in areas where wolves are
exposed to human harvest, wolf population growth rates often remain high due to high levels of
recruitment, primarily from reproduction and dispersal (Gude et al. 2012, Jimenez et al. 2017).
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Section 5 – Black Bear Harvest Management
West-central Montana has healthy populations of black bears. Black bear populations
across the region are estimated from a predictive density model developed by MFWP in 2011.
According to the model, the West Fork area (HD 250) has an estimated density of 15 black
bears/100 km2, while the East Fork area (HD 270) has an estimated density of 10 black bears/100
km2 (Mace and Chilton-Radandt 2011). There is an either-sex hunting season during both spring
and fall in both areas. All harvested bears must be reported to MFWP, but there is no quota on
either sex in either season.
Prior to 2010, black bear harvest regulations across most of the region allowed for a 6week spring hunting season (approximately April 15–May 31) and a 10-week fall season
(approximately September 15–November 30). In 2010, black bear harvest regulations throughout
the region were liberalized to include an additional 2 weeks of archery-only hunting during the
first 2 weeks of September. Also, during 2010–2014, spring harvest regulations were liberalized
to extend the spring season by approximately 2 weeks to end on June 15. These liberalized
spring harvest regulations were first implemented in portions of bear management unit (BMU)
216 and 240 in 2010, expanded to most of the region in 2012, and expanded to the entire region
in 2014. Our objective was to determine if the liberalized black bear harvest regulations were
associated with increased harvest levels in west-central Montana.

Methods
We used a generalized linear model to determine if black bear harvest increased
following implementation of liberalized regulations. We used MFWP harvest data from the westcentral Montana study area (Figure 2.1b) during 2001–2017 to estimate and compare the number
of bears harvested in each hunting district before and after liberalized harvest regulations were
implemented. Because harvest regulations sometimes varied within BMUs, with different
regulations being applied to the geographical areas corresponding to deer and elk hunting
districts (HDs), we defined the spring and fall black bear harvest regulation and estimated the
spring and fall harvest per HD within west-central Montana. If a HD had less than 5 years of
spring or fall reported harvest, we censored the HD from analyses.
To evaluate the effects of the fall harvest regulation on fall harvest, we first categorized
the fall regulation type for each HD-year as liberalized (included the 2-week early September
archery only season) or standard (no 2-week early September archery only season). All hunters
are required to report harvested black bears to MFWP, and we used these harvest data to estimate
the number of black bears harvested in each hunting district each fall. We used a generalized
linear model to relate the fall harvest of black bears in district d in year t (Harvest 𝑑,𝑡 ) to the fall
regulation type:
𝜇𝑑,𝑡 = 𝛼 + 𝛽𝑟𝑒𝑔𝑢𝑙𝑎𝑡𝑖𝑜𝑛 ∗ regulation type𝑑,𝑡 + ∂𝑑 ,
∂𝑑 ~ 𝑁𝑜𝑟𝑚𝑎𝑙(0, 𝜎∂2 )
Harvest 𝑑,𝑡 ~ 𝑁𝑜𝑟𝑚𝑎𝑙(𝜇𝑑,𝑡 , 𝜎 2 ),
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where 𝛼 is the overall mean harvest in the standard regulation period, 𝛽𝑟𝑒𝑔𝑢𝑙𝑎𝑡𝑖𝑜𝑛 is the change
harvest from standard to liberalized regulations, regulation type𝑑,𝑡 takes a value of 0 for
standard regulations and 1 for liberalized regulations, and ∂𝑑 is a random effect for district. This
modeling approach allowed for differences in the overall harvest per HD and differences in the
amount of data per HD to be properly accounted for in the evaluation.
To evaluate the effects of the spring harvest regulation on spring harvest, we first
categorized the spring regulation type for each HD-year as liberalized (included the 2-week
spring season extension) or standard (no 2-week season extension). In spring 2010, liberalized
spring harvest regulations were implemented in the HD 270 and HD 250 portions of BMU 216
and BMU 240. In spring 2012, liberalized spring harvest regulations were applied to all portions
of BMU 216, BMU 240, BMU 280 and BMU 290. In spring 2014, liberalized spring harvest
regulations were expanded to also include BMU 200 and be uniform across all west-central
Montana. We used MFWP harvest data to estimate the number of black bears harvested in each
hunting district each spring. We assessed the relationship between harvest and regulation type
using the same model structure as above, where fall harvest and regulation type were replaced by
spring values.

Results
We included 20 HDs in our spring black bear harvest analysis, and each HD had 11–17
years of data. Spring harvest varied across the 20 HDs (Figure 5.1a) and was higher when the
liberalized spring harvest regulation was implemented as compared to the standard regulation.
Across all HDs, the mean spring bear harvest per HD with the standard regulation was 5.4
(SD=4.9) and the mean harvest per HD with the liberalized regulation was 7.9 (SD=6.3). After
accounting for the random effect of HD, the generalized linear model predicted that on average,
spring harvest increased by 3.0 bears (𝛽̂ regulation = 3.0, 95% CI = 2.2, 3.8) when the spring harvest
regulations changed from standard to liberalized.
We included 25 HDs in our fall black bear harvest analysis, and each HD had 9–17 years
of data. Fall harvest varied across the 25 HDs (Figure 5.1b) and was similar during
implementation of both the standard and liberalized fall harvest regulation. Across all HDs, the
mean fall bear harvest per HD with the standard regulation was 6.7 (SD=6.1) and the mean
harvest per HD with the liberalized regulation was 6.3 (SD=5.8). After accounting for the
random effect of HD, the generalized linear model predicted that the liberalized regulation had
no effect on fall harvest as compared to the standard regulation (𝛽̂ regulation = -0.6, 95% CI = -1.3,
0.1).
Within the southern Bitterroot Valley, including the HD 270 and HD 250 focal areas of
this overall research project, reported black bear harvest varied by hunting district and by season
(Figure 5.2). After liberalized spring harvest regulations, spring harvest increased in both HD
270 and HD 250. The mean spring harvest in HD 270 increased from 4.1 (SD=2.2) during 2001–
2009 to 8.6 (SD=2.5) during 2010–2017. The mean spring harvest in HD 250 increased from 3.5
(SD=1.9) during 2001–2009 to 6.6 (SD=3.3) during 2010–2017. In contrast to increases in spring
black bear harvest, fall black bear harvest was similar before and after the 10-day extension to
the fall hunting season. The mean fall harvest in HD 270 was 8.3 (SD=2.7) during 2001–2009
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and 9.6 (SD = 3.0) during 2010–2017. The mean fall harvest in HD 250 was 5.4 (SD=2.7) during
2001–2009 and 3.1 (SD=1.9) during 2010–2017.

Figure 5.1 The spring (a) and fall (b) black bear harvest in west-central Montana hunting
districts from 2001–2017. Spring black bear harvest regulations were liberalized in hunting
districts 2010, 2012 and 2014 to include a 2-week hunting season extension (denoted with
vertical dashed lines). Fall black bear harvest regulations were liberalized in 2010 to include a
2-week archery-only season extension (denoted with vertical dashed line).
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Figure 5.2 The spring (a) and fall (b) black bear harvest in HD 270 (blue line) and HD 250 (red
line) from 2001–2017. In HD 270 and HD 250, black bear harvest regulations were liberalized
in 2010 to include a 2-week spring hunting season extension and a 2-week fall archery-only
season extension (denoted with vertical dashed line).

Discussion
We found that across west-central Montana, spring black bear harvest increased
following implementation of liberalized harvest regulations that allowed for a 2-week spring
hunting season extension. On average, the liberalized spring harvest regulation resulted in an
additional 3 bears harvested per hunting district. However, we found no evidence that fall black
bear harvest increased following implementation of a liberalized fall harvest regulation that
allowed for a 2-week archery-only hunting season extension. These results suggest that the
timing and/or method of take associated with the fall harvest regulation change was not effective
in increasing black bear harvest. These results also suggest that extending the spring rifle season
may be a more effective black bear harvest management tool than extending the fall archery
season if the goal is to increase harvest. Spring black bear hunting may be more popular than fall
black bear hunting for various reasons, including that fall bear hunting may be more
opportunistic (i.e., people are hunting deer or elk, and will harvest a bear if the opportunity
presents itself), versus in the spring, when there are fewer hunting opportunities, and people are
more likely to specifically target black bears.
We found that within our focal study area, both HD250 and HD270 had higher spring
black bear harvest after spring harvest regulations were liberalized. However, neither area had
higher harvest after the fall harvest regulations were liberalized, and HD 250 had some evidence
that harvest declined. If fall bear hunting is more opportunistic, the decline in fall bear harvest in
HD 250 may be partially explained by the substantial reduction in elk and deer hunting
opportunity available beginning in 2011, thus reducing the number of hunters in the area. This
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highlights that expectations for achieving fall bear harvest, even with liberalized regulations,
should be moderated to account for levels of deer and elk hunting opportunity in the area.
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Section 6 – Elk Calf Survival and Cause-Specific Mortality in
the Bitterroot Study Area

Introduction
Studies of elk population dynamics have focused on understanding which vital rates are
most likely to impact the population growth rate (Nelson and Peek 1982, Gaillard et al. 1998b,
Eacker et al. 2017). From this work, we know that annual variation in elk calf survival rates
tends to be high enough to exert important influence on the population growth rate (Garrott et al.
2008, Griffin et al. 2011). This high variation in elk calf survival rates may be influenced by
characteristics of individual calves, as well as variation in forage and environmental conditions
in the pre- and post-natal periods. Further, elk calves are vulnerable to multiple mortality
sources, including predation by mountain lions (White et al. 2010, Eacker et al. 2016), black and
grizzly bears (Barber-Meyer et al. 2008), wolves (Council 1997), and coyotes. Due to the
number of factors related to elk calf survival, and the variability in mortality causes across
populations, questions still exist regarding the relative importance of various factors influencing
elk calf survival in any given population.
Elk populations experienced declines across much of west-central Montana during 2007–
2011, and low calf recruitment and population declines in the southern Bitterroot Valley were
particularly concerning. In response, MFWP initiated a study in the Bitterroot study area during
2011 to estimate elk calf survival and mortality causes, and evaluate factors related to variation
in annual elk calf survival. Annual rates of calf survival in the East Fork and West Fork elk
populations averaged 0.41 (range = 0.32 to 0.45) across the three years of study, and mountain
lions were identified as the primary source of elk calf mortality (Eacker et al. 2016). Analysis of
the elk population dynamics in the Bitterroot study area during the same time period indicated
that elk calf survival was influencing population growth rates, and that increasing elk calf
survival would likely have positive effects on elk population growth rates (Eacker et al. 2017).
In efforts to reduce the impacts of carnivores on ungulate populations in west-central
Montana, including the Bitterroot study area, MFWP liberalized harvest regulations for mountain
lions, wolves, and black bears. However, the efficacy of management actions designed to
increase elk calf survival by reducing populations of their primary predator are unknown
(Ballard and Miller 1990, Gasaway et al. 1992, Boertje et al. 2010). In the Bitterroot study area,
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the primary predator of elk calves was mountain lions. In winter 2012–2013, MFWP liberalized
mountain lion harvest regulations within the Bitterroot study area to reduce the mountain lion
population by 30%. This situation, combined with the information regarding calf survival and
mortality sources prior to and during the mountain lion harvest treatment, provided a unique
opportunity to quantify possible changes in elk calf survival and cause-specific mortality before,
during, and after the liberalized carnivore harvest management prescriptions (see Sections 3–5 ).
Our primary objective in this section is to evaluate if elk calf survival rates, or rates of
predation from mountain lions, black bears or wolves, differed before, during, or after the
liberalized carnivore harvest management. Our secondary objective was to understand the
environmental factors and individual characteristics related to elk calf survival in the Bitterroot
study area.

Methods
We compared elk calf survival and cause-specific mortality in the Bitterroot study area
before, during, and after the mountain lion harvest regulations were liberalized (see Section 3).
We focused on evaluating the effects of the mountain lion harvest regulations because earlier
studies concluded mountain lion predation was an important factor for calf survival (Eacker et al.
2016). Liberalized mountain lion harvest regulations were implemented in December of 2012
and lasted for two years, after which mountain lion harvest quotas were reduced. Therefore, we
included calves radio-tagged in the spring and fall of 2011 and monitored during 2011–2012 in
the pre-treatment era; calves tagged the spring and fall of 2012 in the pre-treatment era for their
first summer and the during-treatment era for their first winter; calves radio-tagged in the spring
and fall of 2013 and monitored during 2013–2014 in the during-treatment era, and calves radiotagged in 2016 and 2017 and monitored during 2016–2018 in the after-treatment era. During
each era, we monitored calf survival and cause of mortality. We compared survival and causespecific mortality across the three treatment eras to understand changes in the survival and causespecific mortality of elk calves prior to, during, and after the mountain lion harvest treatment.
Additionally, we evaluated relationships between calf survival and other potentially important
covariates, as described below.

Calf capture and sampling
During all three treatment eras, we captured neonate
elk calves during an approximately 2-week period near the
end of May each year following approved animal care
protocols (MSU IACUC#2016-06, UM IACUC# 02711MHWB-042611). We used ground and helicopter crews
to search for female elk that showed signs of having recently
given birth and for calves already on the ground. Ground
crews attempted to locate neonates directly and by watching
for behavioral indications from adult females and/or by
searching areas on foot. Each calf was outfitted with a very
high frequency (VHF) ear-tag radio-transmitter designed to
send a mortality signal after hours of inactivity. For each
calf we recorded sex and several morphometric
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measurements which were used to obtain an estimate of age at capture as well as birth mass. To
maintain adequate sample sizes for the winter monitoring period, we radio-tagged additional
calves most years between 30 November and 5 January via either chemical immobilization or
net-gunning from a helicopter.

Calf monitoring
We monitored calves using a
combination of ground and aerial
telemetry to determine survival status
from the day after capture to 30 May
of the following year. We monitored
all calves daily from date of capture to
31 August and 2–4 times per week
thereafter. We used aerial telemetry
from fixed-wing aircraft to obtain
periodic calf locations. We used calf
locations in conjunction with
mountain lion and wolf resource
selection functions (RSF) to estimate
spatial variation in mortality risk (see
below).

Investigation of calf mortality
When we detected a mortality signal, we located the ear-tag transmitter within 12–24
hours when possible. If the mortality signal was associated with an actual mortality (i.e., vs. a
dropped tag), we performed a detailed mortality investigation. We used characteristics such as
consumption pattern, location and presence of claw marks, location and presence of
subcutaneous hemorrhaging, width and presence of bite marks, and general characteristics of the
kill site to assign causation to each mortality event (Wade and Bowns 2010). We submitted
carnivore scat and hair collected during mortality investigations for DNA analysis to determine
predator species identity (USFS Rocky Mountain Research Center, Missoula, MT). Using
inferences from our field mortality investigations and the results of the DNA-based predator
identification, we classified each mortality source as mountain lion, wolf, black bear, unknown
predator, non-predation, or unknown cause.

Cause-specific mortality and survival analyses
After classifying the cause of each calf mortality, we used cumulative incidence functions
(CIFs) to quantify possible changes in calf mortality from each potential cause between the three
treatment eras (Heisey and Patterson 2006, Eacker et al. 2016). CIF estimates represented the
cumulative probability of mortality from each potential cause over the first year (365 days) of a
calf’s lifetime. We used Cox-Proportional Hazards models (Cox 1972) to estimate and compare
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survival rates in the pre-, during-, and post-treatment eras, and to evaluate support for covariates
potentially associated with variation in survival for all tagged calves during all years of data
collection. We estimated summer and winter survival separately because we expected seasonal
differences in risk factors. We used each calf’s birthdate as the origin and estimated mortality
risk from age 0 to 180 days for summer models, and 26 November as the origin and estimated
mortality risk for the subsequent 185 days for winter models.
We evaluated a suite of risk factors potentially affecting calf survival. Risk factors
included characteristics of the calf such as sex, birth mass, birth date, population and treatment
era, as well as environmental conditions and mountain lion and wolf risk within the individual
calf’s seasonal range. Treatment era was a three-level factor variable that indicated whether a
calf was monitored in the pre-, during, or post-treatment era. Environmental conditions included
a metric of winter severity and three normalized difference vegetation index (NDVI) metrics
representing growing season conditions and were estimated for each individual’s seasonal range.
Risk was estimated from previously published mountain lion and wolf resource selection
functions (RSF, Robinson et al. 2015a). For models of summer survival, risk factors included
sex, birth mass, birthdate, population (East Fork or West Fork), a Big Hole Valley identifier (a
two-level factor describing whether a calf was born, tagged, and summered in the Big Hole
Valley), treatment era, mountain lion and wolf risk, and NDVI. For models of winter survival,
risk factors included sex, population (East Fork and West Fork), treatment era, mountain lion and
wolf risk, and winter severity. Additional details regarding analysis are found in Eacker et al.
(2016) and Forzley (2019).

Results
Calf captures, monitoring, and mortality investigations
During the pre-treatment era, we radio-tagged 142 calves in the spring (2011–2012 = 66,
2012–2013 = 76) and 31 calves at the start of winter of 2011–2012 for a total pre-treatment
sample size of 173 calves. In the during-treatment era, we radio-tagged 84 calves in the spring of
2013 and 29 calves in the winter of 2012–2013 for a total during-treatment sample size of 113
calves. During the two post-treatment years, we radio-tagged 183 calves in the spring (2016–
2017 = 81, 2017–2018 = 102) and 65 calves at the start of winter (2016–2017 = 40, 2017–2018 =
25) for a total post-treatment sample size of 248 calves. We maintained a small sample of calves
tagged in the Big Hole Valley throughout the study (n = 16, 13, and 31 in the pre-, during, and
post-treatment eras, respectively). The total sample size was 534 radio-tagged elk calves.
The sex ratios for our treatment era-specific sample of calves were relatively balanced (n
= 83 females, 90 males; 53 females and 59 males; and 134 females and 113 males in the pre-,
during, and post-treatment eras, respectively; 2 calves were of unknown sex). Average estimated
birth mass in the pre-, during, and post-treatment eras, respectively was 13.40 kg (SE = 0.20),
14.30 kg (SE = 0.36), and 13.20 (SE = 0.14) for females and 14.90 kg (SE = 0.21), 14.20 kg (SE
= 0.30), and 14.50 (SE = 0.13) for male calves. We recorded 19,323 calf survival monitoring
observations in the pre-treatment era (n = 15,708 live, 75 = dead, and 3,540 = not heard), 20,644
observations in the during-treatment era (n = 12,076 live, 35 = dead, and 8,533 = not heard), and
25,185 observations in the post-treatment era (n = 19,419 live, 87 = dead, 5,679 = not heard). We
obtained 1,834 calf locations in the pre-treatment era, 919 in the during-treatment era, and 1,514
locations in the post-treatment era.
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Cause-specific mortality and cumulative incidence functions
We removed records for 10 of the 534 radio-tagged calves from analyses due to mortality
within 24 hours of capture (n = 6), unknown sex (n = 2), or mortality signals detected in
inaccessible areas (n = 2). We censored data for 192 radio-tagged calves that lost their tag, had
tag failures, or left the study area on the day after their last observation (i.e., right censored and
still used information prior to tag loss, failure, or emigration). We estimated cause-specific
mortality using data from 197 mortalities: 75 in the pre-treatment era, 35 in the during-treatment
era, and 87 in the post-treatment era (Table 6.1). We documented 158 calves survived to 1 year
of age.
Table 6.1 Number of calves that died from mountain lion predation, natural (non-predation
related) causes, black bear predation, wolf predation, unknown predator, unknown cause or
other causes by elk population and treatment era during pre-treatment, during-treatment, and
post-treatment eras.
Population
Cause of mortality
PreDuring- PostTotal
East Fork
Mountain lion
11
7
13
31
Non-predation
3
1
9
13
Black bear
6
1
1
8
Wolf
3
0
3
6
Unknown predator
3
3
3
9
Unknown cause
13
7
28
48
Other
2
1
0
3
West Fork
Mountain lion
16
6
6
28
Non-predation
2
1
8
11
Black bear
3
2
4
9
Wolf
3
0
3
6
Unknown predator
5
3
1
9
Unknown cause
5
3
8
16
Other
0
0
0
0

Estimated CIFs indicated that mountain lion predation in the East Fork was the highest
source of known mortality in the pre-treatment (0.16, 95% CI = 0.09–0.24, Figure 6.1) and
during-treatment (0.12, 95% CI = 0.04–0.18) eras. However, while mountain lion predation
remained an important factor in the post-treatment era (mortality rate = 0.11, 95% CI = 0.03–
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0.16), non-predation rates increased compared to the pre- (0.03, 95% CI = 0.00–0.07) and
during-treatment (0.02, 95% CI = -0.01–0.05) eras.

Figure 6.1 Cumulative Incidence Functions (CIF) showing the cumulative probability of calf
mortality (y-axis) from 0 to 365 days after birth in the East Fork from black bear predation,
mountain lion predation, natural, non-predation related causes, unknown causes, unknown
predators, and wolf predation in the Bitterroot study area, during pre-treatment, duringtreatment, and post-treatment eras. Vertical bars show 95% confidence intervals for the
cumulative probability of mortality from each cause at the end of one year.
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In the West Fork, estimated CIFs indicated that mountain lion predation was the largest
known cause of mortality in both the pre- (0.35, 95% CI = 0.22–0.48) and during-treatment eras
(0.24, 95% CI = 0.09–0.38). However, in the post-treatment era, non-predation was the highest
source of known mortality (0.42, 95% CI = 0.02–0.81; Fig. 7.2), and cumulative mortality rates
for mountain lion predation were relatively low (0.05, 95% CI = 0.00–0.10).

Figure 6.2 Cumulative Incidence Functions (CIF) showing the cumulative probability of calf
mortality (y-axis) from 0 to 365 days after birth in the West Fork from black bear predation,
mountain lion predation, natural, non-predation related causes, unknown causes, unknown
predators, and wolf predation, by treatment era, in the Bitterroot study area during pretreatment, during-treatment, and post-treatment eras. Vertical bars show 95% confidence
intervals for the cumulative probability of mortality from each cause at the end of one year.
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Elk calf mortality rate was highest during the first 90 days of the summer season and
remained relatively constant across fall and winter. Annual probabilities of black bear and wolf
predation were low in all three treatment eras for both populations. Mortality due to black bears
and non-predation only occurred during the summer season, whereas mortality from mountain
lions, wolves, and unknown causes occurred throughout the year. The cumulative annual
probability of non-predation mortality increased in the post-treatment era in both populations.
CIFs related to the annual probability of unknown cause mortality was high for both populations
during all three treatment eras (Figure 6.1; Figure 6.2). The shapes of the curves for the
cumulative annual probability of unknown cause and unknown predator mortalities were not
similar to any single source of known cause mortality and appeared to be a combination of
mortality from multiple sources. For example, in some cases, CIFs related to unknown cause and
unknown predator mortality were steep during the early summer months (i.e., similar to black
bear and non-predation mortality), but also persisted through winter and the following spring
(i.e., similar to mountain lion and wolf mortality).

Summer calf survival
Our modeling of summer calf survival yielded considerable model-selection uncertainty
among several well supported models explaining variation in survival associated with different
combinations of covariates. Due to this model-selection uncertainty, we used model averaging to
estimate summer elk calf survival based on all covariates in our final model selection step. Calf
sex was our best-supported covariate affecting elk calf survival in summer. Model averaged
coefficients indicated that male calves had a higher daily risk of dying than females during
summer (HR = 1.68, 95% CI = 1.70–2.37). The daily risk of mortality in the pre- and posttreatment eras was higher for elk calves that occupied areas of higher mountain lion RSF values
(Hazard Ratio [HR] = 17.25, 95% CI = 1.00–297.32, Figure 6.3). The mean value of the
mountain lion RSF covariate for calves that died during the summer during the pre- and posttreatment eras (0.35, 95% CI = 0.33–0.37) was higher than the mean for calves that survived
(0.31, 95% CI = 0.30–0.32). Further, that pattern held true regardless of the cause of death: mean
values of the summer mountain lion RSF covariate for calves that died due to mountain lions
(0.36, 95% CI = 0.34–0.39), wolves (0.37, 95% CI = 0.33–0.41), black bears (0.38, 95% CI =
0.35–0.41), non-predation (0.35, 95% CI = 0.32–0.39), and unknown causes (0.33, 95% CI =
0.29-0.35) were all similarly high compared to values for calves that survived. In contrast to
results for the pre- and post-treatment eras, the relationship between summer calf survival and
mountain lion RSF was positive in the during-treatment era (Figure 6.3). The mountain lion RSF
covariate varied between the East Fork and West Fork elk populations, and the model averaged
coefficient indicated that the strength of the relationship was weaker in the West Fork (0.67, 95%
CI = 0.21–2.20).

48

Figure 6.3 Estimated relationship between elk calf summer survival rate and mountain lion RSF
values in the area used by a calf in the Bitterroot study area. Data were collected before, during,
and after the liberalized carnivore harvest management prescriptions and relationships were
estimated using our best-supported summer proportional hazards model. Distributions of
observed lion RSF values for calves in each herd and treatment era are provided at the top of
each plot.
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Summer survival rates estimated using model averaged predictions in the East Fork
population were estimated as 0.57 (0.45–0.72), 0.69 (0.56–0.85), and 0.62 (0.52–0.74) for
females and 0.39 (0.27–0.57), 0.55 (0.39–0.76), and 0.44 (0.33–0.61) for males, during the pre-,
during, and post-treatment eras respectively. Summer survival rates in the West Fork population
were estimated as 0.53 (0.39–0.73), 0.72 (0.58–0.90), and 0.70 (0.59–0.83) for females and 0.35
(0.21–0.57), 0.58 (0.41–0.83) and 0.55 (0.42–0.72) for males, in the pre-, during-, and posttreatment eras respectively. We found that the daily risk of mortality for calves tagged in the Big
Hole was lower than that of calves tagged in the East Fork or West Fork (HR = 0.65, 95 % CI =
0.24–1.77). Summer survival rates in the Big Hole sub-unit of the East Fork population were
estimated as 0.66 (0.43–0.99), 0.81 (0.64–1.00), and 0.79 (0.62–1.00) for females and 0.50
(0.23–1.00), 0.70 (0.47–1.00) and 0.67 (0.62–0.97) for males, in the pre-, during-, and posttreatment eras respectively.

Winter calf survival
Our best-supported model for winter survival contained three covariates: treatment era,
mountain lion RSF, and the interaction between treatment era and mountain lion RSF. In all
three treatment eras, model averaged coefficients indicated that calves that occupied areas with
higher mountain lion RSF values had a higher daily mortality risk in winter (HR = 8.55, 95% CI
= 1.03-71.02, Fig. 7.4). The mean value of the mountain lion RSF covariate for calves that died
during the winter (0.32, 95% CI = 0.30–0.34) was higher than the mean value for calves that
survived (0.28, 95% CI = 0.27–0.28). However, winter mountain lion RSF scores were higher
for all calves that died, regardless of the cause of death: mean values of the winter mountain lion
RSF covariate for calves that died due to mountain lions (0.35, 95% CI = 0.32–0.38), wolves
(0.34, 95% CI = 0.29–0.39), or unknown causes (0.31, 95% CI = 0.28–0.33) were all relatively
high and similar. The interaction between the mountain lion RSF covariate and treatment era
indicated that the relationship between winter calf survival and mountain lion RSF covariate was
negative in all three treatment eras (Figure 6.4).
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Figure 6.4 Estimated relationship between elk calf winter survival rate and mountain lion RSF
values in the area used by a calf in the Bitterroot study area, Montana, USA. Data were
collected before, during, and after the liberalized mountain lion harvest management
regulations, and relationships were estimated using our best-supported winter proportional
hazards model. Distributions of observed lion RSF values for calves in each herd and treatment
era are provided at the top of each plot.
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Treatment era was included in all but two of our best-supported winter models. Predicted winter
survival rates obtained from model-averaging for each treatment era using era- and populationspecific values of mountain lion RSF were 0.53 (0.37–0.76), 0.81 (0.72–0.91), and 0.78 (0.70–
0.87) for East Fork calves and 0.56 (0.39–0.78), 0.84 (0.75–0.94), and 0.79 (0.71–0.89) for West
Fork calves in the pre-, during, and post-treatment eras, respectively.

Annual survival rates
Based on model averaged coefficients from our best-supported summer and winter
models, variation in annual survival was related to treatment era, calf sex, and spatial variation in
the mountain lion RSF covariate. Annual survival was consistently higher for females than males
and similar between populations, and across values of mountain lion RSF that were specific to
each population (Table 6.2). At mean values of the mountain lion RSF covariate, point estimates
of annual survival rates were lowest in the pre-treatment era, highest in the during-treatment era,
and intermediate in the post-treatment era (Table 6.2).
Table 6.2 East Fork and West Fork annual calf survival rates and 95% confidence intervals for
the pre-treatment, during-treatment, and post-treatment eras at mean values of the mountain lion
RSF covariate, specific to each sex, population, and treatment era in the Bitterroot study area.
Population Sex
Era
Annual Survival
East Fork

Male

Pre
During
Post
Pre
During
Post

0.21 (0.05–0.36)
0.44 (0.21–0.68)
0.34 (0.13–0.56)
0.30 (0.11–0.48)
0.55 (0.30–0.82)
0.49 (0.24–0.73)

East Fork

Female

Population

Sex

Era

Annual Survival

West Fork

Male

West Fork

Female

Pre
During
Post
Pre
During
Post

0.18 (0.03–0.34)
0.48 (0.24–0.74)
0.43 (0.20–0.67)
0.29 (0.10–0.47)
0.59 (0.32–0.85)
0.55 (0.30–0.81)

Discussion
Our analysis of annual elk calf survival offers an opportunity to understand the effects of
mountain lion harvest management regulations on elk calf survival, while controlling for
potential confounding variables. Our estimates of elk calf survival provide evidence that
liberalized mountain lion harvest regulations were associated with increased summer, winter, and
annual elk calf survival during the harvest treatment period, and estimated rates of annual elk
calf survival during the period of liberalized regulations nearly doubled as compared to before
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the liberalized harvest regulations. However, our results also suggest that the initial increases in
annual survival in the during-treatment period were reduced to intermediate levels 4 years after
treatment, resulting in annual survival rates that were only about 10 percent higher than pretreatment-era levels. These findings echo results of previous studies that link carnivore harvest
treatments to increased rates of elk calf survival (White et al. 2010) and results of other studies
that demonstrated a return to pre-predator-control conditions after liberalized harvest regulations
are discontinued (Council 1997, Hayes et al. 2003).
Although overlapping confidence intervals between the survival rates associated with the
calves in each of the 3 treatment eras weakens our inference, the inclusion of the treatment-era
covariate was well-supported by model selection, and several well-supported summer and winter
calf survival models included the effects of a short-lived treatment-era response. Therefore, our
modeling of elk calf survival data suggests that the mountain lion harvest treatment, designed to
achieve only a moderate reduction in mountain lion population abundance (see Section 3), did
coincide with short-term increases in elk calf survival rate. This initial increase in elk calf
survival during the mountain lion harvest treatment, coinciding with a decline in the estimated
probability of mountain lion predation for calves in both the East Fork and West Fork
populations, could lead to the assumption that decreased rates of mountain lion predation were
related to the harvest treatment and subsequently resulted in higher rates of elk calf survival.
However, the high numbers of calves that died from unknown causes throughout the study must
be addressed.
The probability of calves dying from unknown causes was high throughout all 3
treatment eras in both elk populations. In many cases, unknown cause mortality was the most
common mortality category for a given population and treatment era combination. In an attempt
to better understand potential sources of these unknown-case mortalities, we compared the CIF
curves and timing of unknown cause mortalities with those of all other known sources of
mortality. However, both the shape the CIF curves and the fact that the probability of unknown
cause mortality remained relatively consistent throughout the year indicated that the unknown
cause mortalities may have been a combination of several mortality sources, and made it difficult
to determine if any particular mortality sources were more or less likely to contribute to
unknown cause mortalities. During the mountain lion harvest treatment specifically, the
estimated rates of unknown cause mortality for both elk populations were higher than rates for
any other mortality source. Therefore, the high number and ambiguous nature of the unknown
cause mortalities makes it difficult to know for certain that mountain lion predation did in fact
decrease during the harvest treatment.
Despite the frequency with which calves were assigned to the unknown cause mortality
category and our inability to conclusively relate the harvest treatment to decreased rates of
mountain lion predation and short-term increases in elk calf survival, there were some
noteworthy changes in the known rates of cause-specific mortality between the 3 treatment eras.
As previously stated, rates of mountain lion predation decreased during the mountain lion harvest
treatment and remained relatively low through the post-treatment era. These decreased rates of
mountain lion predation coincided with increases in the probability of non-predation mortality,
as well as intermediate rates of annual survival, for elk calves in both populations during the
post-treatment era. While we can only speculate due to the high rates of unknown cause
mortality, we can cautiously hypothesize that this sustained period of decreased mountain lion
predation resulted in compensatory increases in non-predation mortality, and intermediate rates
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of survival, for elk calves in both populations. If so, this would suggest that mountain lion
predation in the area is partially compensatory. However, this hypothesis assumes that 1) nonpredation mortality and mountain lion predation are equally represented in the unknown cause
mortalities or 2) that none of the unknown cause mortalities can be attributed to non-predation
mortality or mountain lion predation. Despite changes in the rates of mountain lion predation and
non-predation mortality, there were no notable changes in the probability of mortality from other
sources, such as wolves and black bears, before, during, or after the mountain lion harvest
treatment.
In addition to the treatment era covariate, spatial measures of predation risk by mountain
lions were strongly predictive of the risk of calf mortality. In all but one of the combinations of
season and treatment era (during-treatment/summer), as calves spent more time in areas of higher
predicted mountain lion activity (i.e., as values of the mountain lion predation RSF covariate
increased), their daily risk of mortality increased. However, exploratory analysis revealed that
while calves that had higher values of the mountain lion predation risk covariate were more
likely to die, they were not necessarily killed by mountain lions. It is possible that black bears,
wolves, and mountain lions all congregated in elk calving grounds during the neonatal period
and exhibited similar patterns of space use during early summer when calves were most
vulnerable to predation. Likewise, most carnivores tend to follow the prey towards lower
elevations in the winter (Houston 1978, Beschta and Ripple 2007), which may increase the
probability of wolf and mountain lion ranges overlapping with the home ranges of elk calves
during winter. This may have resulted in the mountain lion predation risk covariate acting as a
predictor of mortality from all possible sources, not just mountain lion predation.
We included NDVI covariates as predictors of variation in forage conditions and annual
productivity related to maternal and calf body condition and found none of the predicted positive
relationships between NDVI covariates and elk calf survival. In our 5-year monitoring effort, a
relatively short time period to try to capture annual variation in vital rates associated with climate
variation, we found a negative relationship between late-summer NDVI during the post-natal
period and winter calf survival. We hypothesize that our data may not have spanned a long
enough time period to capture sufficient variability in late-summer NDVI and survival needed to
evaluate these relationships, resulting in the unexpected negative relationship between winter
calf survival and late-summer NDVI. It’s also possible that NDVI was a poor surrogate for elk
nutrition in the study area.
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Section 7 – Effects of Carnivore Management on Elk
Population Growth

Introduction
Understanding the effects of carnivore management on ungulate populations requires
estimating important demographic parameters of the ungulate population before and after
carnivore harvest management prescriptions are implemented to determine if changes in
carnivore populations result in changes in recruitment or population growth rate. If ungulate
populations are limited by factors such as weather or habitat (Garrott et al. 2003, Griffin et al.
2011, Johnson et al. 2019), or if predation is compensatory with other factors (Singer et al. 2003,
Garrott et al. 2008), changes in carnivore populations may or may not result in changes in
ungulate populations.
Ungulate population monitoring programs are routinely employed by state wildlife
management agencies annually or biannually; however, uncertainty in the relationship between
uncorrected count data and true population size, and between age ratio data (i.e., number of
calves: 100 adult female) and annual calf survival, makes the detection of changes in ungulate
population size and juvenile recruitment challenging. Recent methodological advances allow for
count and age ratio data to be used in integrated population models that partition the variance in
observations into variation associated with biological processes and sampling error to more
precisely estimate demographic parameters, and evaluate associated changes in ungulate vital
rates (Link et al. 2003, Kéry and Schaub 2011, Nilsen and Strand 2018). However, even with
new methods available that improve managers ability to monitor and estimate populations (see
Section 8, Paterson et al. 2019b), the uncertainties in the relationship between carnivore harvest
management regulations and ungulate population responses make the effects of carnivore
management uncertain.
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Our goal was to evaluate the efficacy of the liberalized mountain lion harvest
management as a tool for increasing elk calf recruitment and population growth rates by
evaluating changes in elk recruitment and population growth rate before and after
implementation of liberalized mountain lion harvest regulations. We developed an integrated elk
population model to estimate calf recruitment and population growth rate of two elk populations
within the area managed for mountain lion population reduction (i.e., treatment area) and two elk
populations within the area managed for stable mountain lion populations (i.e., control area). The
primary goal of this model was to assess the strength of evidence for a difference in calf
recruitment during the pre- and post-mountain lion harvest treatment periods for elk populations
in the treatment and control areas, while accounting for annual environmental variations. We
compared trends in calf recruitment and elk population growth rate during the 5-years pre(2006–2011) and post- (2013–2017) mountain lion harvest treatment to evaluate if the mountain
lion harvest management was associated with population-level changes in elk recruitment and
growth rates.

Methods
The study was conducted in two areas within west-central Montana: the southern
Bitterroot watershed located primarily in Ravalli County (Bitterroot study area) and the Rock
Creek and Flint Creek portions of the Upper Clark Fork watershed located primarily in Granite
County (Upper Clark Fork study area, Figure 7.1). The Bitterroot study area was located within a
watershed managed for mountain lion population reduction (i.e., treatment area), and included
the: HD 250 and HD 270 elk populations (see Section 2). The Upper Clark Fork study area was
within a watershed managed for stable mountain lion populations (i.e., control area), and
included the HD 216 and HD 210 elk populations (see Section 2).

Figure 7.1 Study area in west-central
Montana. Three watersheds within the study
area (Bitterroot, Blackfoot, Lower Clark
Fork, shades of red) were managed for
mountain lion population reduction and one
watershed (Upper Clark Fork, shades of
blue) was managed for stable mountain lion
populations. The two focal elk populations
within the Bitterroot watershed included HD
250 (West Fork) and HD 270 (East Fork)
and the two focal elk populations within the
Upper Clark Fork watershed included HD
210 and HD 216.
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Population model description
To assess changes in the population dynamics of the 4 elk populations within the
Bitterroot treatment and Upper Clark Fork control areas, we used an integrated population
modeling approach that modeled two separated processes: 1) a model for the biological
processes of survival, per-capita recruitment and harvest, and 2) the observation process that
gives rise to the observed counts and age ratios (see Paterson et al. 2019b for details).
We defined the annual population cycle from the birth pulse (in May-June) to the
following spring (March-April) when calves recruit to the population as 1-year-olds. The
population cycle can be represented as an age-structured matrix model, where the expected
number of calves (𝑁c ), adult females (𝑁af ) and adult males (𝑁adult.m ) in year 𝑡 and district 𝑢 is
given as:
af
c
c
𝜏𝑁𝑡−1,𝑢
− ℎ𝑡,𝑢
𝑁𝑡,𝑢
c
af
af
af
𝐸 { 𝑁𝑡,𝑢
} = { 𝜙𝑎 (𝛿𝑁𝑡−1,𝑢
+ 𝑁𝑡−1,𝑢
− ℎ𝑡,𝑢
) }
am
c
am
am
𝑁𝑡,𝑢
𝜙𝑎 ((1 − 𝛿)𝑁𝑡−1,𝑢
+ 𝑁𝑡−1,𝑢
− ℎ𝑡,𝑢
)

where the vital rates that connect the population size across years are apparent adult survival
(𝜙𝑎 ), the proportion of calves that were female (𝛿, here assumed to be equal to 0.5), and the per
capita recruitment rate (𝜏), and ℎc , ℎaf , and ℎam are age/sex specific harvest. Here we assumed
the survival of all age/sex classes other than calves was the same through time. Per capita
recruitment is the product of a series of vital rates, including the probability of conception, inutero survival to birth, and then calf survival from birth to census the next spring.
Although our primary goal was to assess the strength of evidence for changing trends in
per capita recruitment rates in the treatment and control areas before and after the mountain lion
harvest treatment, we also needed to account for potentially confounding environmental factors
that may influence recruitment. Therefore, we developed annual environmental covariates for
each of the 4 hunting districts to index summer growing season and precipitation, winter
severity, and predation risk.

Results
Elk data and environmental variation
We found among-hunting district variation in elk population counts during the study. In
the control area, HD 210 had a mean count of 1,365 elk (SD = 393) over the duration of the
study with a mild, apparent increase over time, and HD 216 had a mean count of 256 elk (SD =
107) with an approximately stable count over time (Figure 7.2). In the treatment area, both HD
250 (mean = 730, SD = 175) and HD 270 (mean = 3,922, SD = 363) displayed an initial decrease
in counts of elk, followed by a slow, apparent increase over time (Figure 7.2). Observed age
ratios displayed a similar degree of variation. In the control area there was no obvious trend in
age ratios, and the mean was roughly the same between HD 210 (mean = 25.3, SD = 2.2) and
HD 216 (mean = 23.8, SD = 6.4), although HD 216 showed more among-year variation (Figure
7.2). In the treatment area, observed age ratios initially decreased in both populations and
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reached a minimum in 2009 before subsequently increasing (HD 250 mean = 21.8, SD = 9.5; HD
270 mean = 24.3, SD = 6.9; Figure 7.2). Values of our environmental covariates displayed no
strong temporal trend (Figure 7.3). There was no obvious difference in the median and range of
covariate values for any district between the pre-treatment and post-treatment periods (Figure
7.3).
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Figure 7.2 Summary of 2006–2017 (a) observed age ratio (calves:100 adult females), (b) count,
(c) antlerless and (d) antlered harvest data for each of the four elk populations included in the
elk population model. The HD 210 and HD 216 elk populations are located within the Upper
Clark Fork control study area and the HD 250 and 270 elk populations are located within the
Bitterroot study area treated with a mountain lion harvest management prescription designed to
reduce mountain lion populations. The vertical dashed black lines separate the pre-treatment
era (2007-2011) from the post-treatment area (2013-2017).
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Figure 7.3 The median (circle = pre-treatment, triangle=post-treatment) and range (minimum to
maximum, thin line) of values for covariates in the elk population model explaining variation in calf
recruitment during the pre-treatment (2007–2011) and post-treatment (2013–2017) periods for four elk
populations in west-central Montana. The HD 210 and HD 216 elk populations are located within the
Upper Clark Fork control study area and the HD 250 and 270 elk populations are located within the
Bitterroot study area treated with a mountain lion harvest management prescription designed to reduce
mountain lion populations. The y-axis represents standardized covariate values. In all cases,
environmental variation is similar within units before and after the treatment period.
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Elk population models
We found strong evidence for the association of several environmental covariates with
per capita calf recruitment rates (Figure 7.4). We estimated regression coefficients of these
covariates from scaled data using the logit link. To help interpret the effects of these covariates
on recruitment, we compared median recruitment (i.e., the median value of all estimated
recruitment) to estimated recruitment at 1 standard deviation above or below the average of a
given covariate. We emphasize that there was significant temporal and spatial variation in
environmental covariates, and this is a significant reduction of the variation used to aid
interpretation only. The median estimated recruitment rate across time and area from our model
was 0.24 (90% CI = 0.23, 0.26). The magnitude of bear harvest (an index of bear population
abundance) had a negative relationship with recruitment, opposite to that expected if bear harvest
enhanced elk recruitment (and, we acknowledge, may be indicative of a potentially spurious
correlation). The estimated bear harvest effect on the standardized scale was -0.26 (SD = 0.08),
corresponding to recruitment declining from 0.24 for the average bear harvest of 18 to 0.20 (CI =
0.17, 0.22) for a bear harvest one standard deviation above the average (corresponding to a total
of 30 bears harvested). Cumulative snow water equivalent in the previous year (SWE) had a
negative relationship with recruitment as expected. SWE in the previous year had an estimated
effect on the standardized scale of -0.30 (SD = 0.07), such that per capita recruitment declined
from the overall median recruitment at the average SWE of 12.5 m to 0.19 (CI = 0.17, 0.22) at
one standard deviation of SWE above the average (corresponding to 21.2 m). No relationship
with recruitment was found for snow water equivalent in the current year. Summer precipitation
in the current year had a large, positive association with per capita recruitment as predicted, with
an estimated effect on the standardized scale of 0.24 (SD = 0.09). This corresponded to an
increase in recruitment from the overall median at the average value of cumulative summer
precipitation of 14 cm to 0.29 (CI = 0.26, 0.33) at one standard deviation of summer precipitation
above the average (corresponding to 17 cm).
Additionally, we found strong evidence for a positive association with summer
precipitation in the previous year with an estimated effect on the standardized scale of 0.17 (SD
= 0.07). This corresponded to an increase in recruitment from the overall mean at the average
value of summer precipitation of 12.5 m to 0.27 (CI = 0.24, 0.31) at one standard deviation
above the average summer precipitation (corresponding to 17 cm). We found comparatively
weak or no evidence for an association between recruitment and wolf counts, spring timeintegrated NDVI, summer time-integrated NDVI, spring cumulative precipitation, or the lagged
versions of summer time-integrated NDVI. We found no evidence for an association between
recruitment and the size of the population in the previous year. Finally, we found no association
between per capita calf recruitment rates and the latent size of the population.
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Figure 7.4 Estimated regression coefficients for covariates explaining variation in calf recruitment rate
for four elk populations in west-central Montana. The x-axis represents the standardized coefficient
values with 0 denoted with a vertical line. Circles denote the median estimated effect, the thick line
denotes the 50% highest posterior density interval (HPDI), and the thin line represents the 90% HPDI.
The top panel represents covariate values during the summer or winter the calf was on the ground (i.e.
following parturition), the middle panel represents covariate values that were lagged by one year and
correspond to the year of conception and in-utero growth (i.e. prior to parturition), and the bottom
panel represents the estimated relationship with the latent size (density) of the population.
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Pre- and post-treatment elk vital rates
We first predicted the relationship for the trends in recruitment rate in the control and
treatment area by holding environmental covariates to their median values within each area using
the estimated intercept and slope terms from the linear trend component of the model. These
results represent a prediction of what would have happened under median environmental
conditions in each area across all years (Figure 7.5). We found essentially no evidence for a
declining trend in per capita recruitment in the control area during the pre-treatment period (for
example, in 2007 we estimated a median = 0.40, CI = 0.23, 0.58 compared to a median in 2011:
0.26, CI = 0.12, 0.39).The uncertainty in these estimates as well as the estimated slope term
(βpre,control = -0.15, CI = -0.40, 0.09) suggested an overall stable recruitment rate. Similarly,
during the post-treatment period we estimated a roughly stable (if slightly higher) per capita
recruitment rate (for example, in 2013 we estimated a median = 0.40, CI = 0.26, 0.58; compared
to a median in 2017 of 0.25, CI = 0.14, 0.40; 𝛽post,control = -0.17, CI = -0.36, 0.02).
In contrast, we found strong evidence for a difference in temporal trends in recruitment in
the treatment area. During the pre-treatment period, we estimated roughly stable per capita
recruitment rates (for example, in 2007 we estimated a median of 0.21, CI = 0.12, 0.33 and a
median of 0.17, CI = 0.08, 0.26 in 2011; 𝛽pre,treatment = -0.06, CI = -0.28, 0.13); whereas we
found strong evidence for an initial increase in recruitment in 2013 (median = 0.42, CI = 0.29,
0.56) followed by a steady decline (𝛽post,treatment = -0.24, CI = -0.40, -0.09) to 2017 (median =
0.21, CI = 0.11, 0.32), such that per capita recruitment rates were essentially the same in 2017 as
in 2007.

Figure 7.5 The trends in mean calf recruitment rate in the Bitterroot and Upper Clark Fork study areas
during the 5-year pre-treatment (2007–2011) and post-treatment (2013–2017) periods predicted by
holding all population model covariates to their median values within each area. The thin lines
represent the 90% highest posterior density interval.
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Our second approach to interpreting model results regarding changes in per capita
recruitment rates was to compare estimated median values of recruitment during the pre- and
post-treatment periods for both areas at the hunting district level , i.e., values that incorporate the
linear trend as well as observed environmental variation (Figure 7.6). In the control area, we
found that the median recruitment rates were nearly identical during the pre- (HD 210: median =
0.27, CI = 0.23, 0.31; HD 216: median = 0.28, CI = 0.21, 0.35) and post-treatment periods (HD
210: median = 0.26, CI = 0.23, 0.38; HD 216: median = 0.23, CI = 0.19, 0.28). For the treatment
area, we found strong evidence that the median recruitment in HD 250 increased in the posttreatment period (median = 0.33, CI = 0.29, 0.38) relative to the pre-treatment period (median =
0.15, CI = 0.12, 0.18) and evidence of an increase in HD 270 (pre-treatment: median = 0.21, CI =
0.20, 0.23; post-treatment: median = 0.28, CI = 0.27, 0.30).

Figure 7.6 The predicted mean calf recruitment rate for each of the 4 elk populations during the 5 years
pre-treatment (2007–2011) and post-treatment (2013–2017) given the observed annual covariate
conditions. The thick line denotes the 50% highest posterior density interval (HPDI) and the thin line
represents the 90% HPDI.
As expected, these post-treatment increases in recruitment in the treatment areas
corresponded to increases in population growth rate. Population growth rates were roughly
similar in the control area during both phases, in a pattern similar to that for recruitment rates
(Figure 7.7). However, we note that the estimated growth rates were influenced by changes in
harvest in both areas through time. To aid the interpretation of the relationship between
recruitment rates and growth rates, we first predicted λ for each treatment area given the scenario
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of no harvest in the previous fall and with the observed environmental variation. For example, in
the Bitterroot area, we treated hunting districts 250 and 270 as a single population, and then used
the approximate posterior distribution of estimated λ to predict what λ would have been had total
harvest been zero in the previous year (Figure 7.8). In the treatment area, pre-treatment elk
populations were declining (growth rates less than 1) from 2006–2008, and slightly increasing
from 2009–2010 (e.g., 2010: λ̂ = 1.07, CI = 1.04, 1.10). In a pattern similar to estimates of
recruitment, estimated population growth rates jumped substantially at the beginning of the posttreatment phase (λ̂ = 1.17, CI = 1.13, 1.20) prior to declining to 1.06 (CI = 1.04, 1.09) by 2017.
In contrast, we found no evidence of a pattern in population growth rates in the control area, with
population growth rates ranging from 0.87 (CI = 0.78, 0.94) in 2015 to 1.12 (CI = 1.08, 1.17) in
2014.
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Figure 7.7 The estimated population growth rates (λ), total harvest, and recruitment rates (τ) for each
of the four elk populations in the Bitterroot and Upper Clark Fork study areas during the 5 years pretreatment (2007–2011) and post-treatment (2013–2017). Population growth rates are the aggregated
result of variation in harvest and recruitment rates. The dot indicates the mean value and the thin line
the 90% highest density posterior interval.
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Figure 7.8 The predicted population growth rates (λ) for the Bitterroot and Upper Clark Fork
study areas during the 5-years pre-treatment (2007–2011) and post-treatment (2013–2017)
assuming no harvest the previous year. Elk populations were aggregated within each area, then
lambda was estimated as if there were no harvest in the previous year. The dot indicates the mean
value and the thin line the 90% highest density posterior interval.
Additionally, we used a second approach to understand variation in population growth
rates, similar to that for recruitment rates, by comparing estimated median values of λ
(incorporating observed environmental variation) during the pre- and post- treatment periods for
both areas at the level of the hunting district (Figure 7.9). Similar to recruitment rates, in the
control area we found that median population growth rates were nearly identical in the pre- (HD
210: median = 1.01, CI = 0.97, 1.04; HD 216: median = 0.98, CI = 0.92, 1.05) and posttreatment phases (HD 210: median = 0.99, CI = 0.96, 1.03; HD 216: median = 1.00, CI = 0.91,
1.09). In contrast, we found strong evidence that median population growth rates in the
treatment area were higher during the post-treatment period in both HD 250 (post-treatment
median = 1.17, CI = 1.13, 1.21; pre-treatment median = 0.84, CI = 0.80, 0.87), and in HD 270
(post-treatment: median = 1.11, CI = 1.08, 1.13; pre-treatment: median = 1.02, CI = 1.00, 1.04).
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Figure 7.9 The predicted mean population growth rate for each of the four elk populations in the
Bitterroot and Upper Clark Fork study areas during the 5 years pre-treatment (2007–2011) and
post-treatment (2013–2017) given the observed annual covariate conditions. The thick line denotes
the 50% highest posterior density interval (HPDI) and the thin line represents the 90% HPDI.

Discussion
Our analytical methodologies allowed for a quantitative evaluation of effects of the
liberalized mountain lion harvest regulations on elk populations in west-central Montana. We
found evidence that the liberalized mountain lion harvest regulations were associated with shortterm increases in elk recruitment and population growth rates. Elk populations within the
treatment area showed an increase in recruitment rate following implementation of the mountain
lion harvest treatment, although the effects of the treatment declined during the 5-years following
treatment. Our results indicate that management objectives to increase calf recruitment were
achieved, although effects of the treatment on recruitment were strongest immediately following
implementation of the treatment and diminished over time.
Our results contribute to the broader body of literature regarding the effects of carnivore
management on ungulate populations. Effects of carnivore management vary widely across
studies, likely due to variability in the magnitude of carnivore harvest or removals, unique
combinations of factors limiting the ungulate population under consideration, and post-treatment
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monitoring approaches used to draw inference. In this case, there was strong prior evidence that
mountain lion predation was a proximate limiting factor on elk calf recruitment (Eacker et al.
2016) and that elk calf recruitment was an important driver of elk population growth rate in this
system (Eacker et al. 2017). Therefore, we expected that reductions in mountain lion population
abundance would result in increased calf recruitment and ultimately population growth rates. Our
work here supports the conclusion that calf recruitment increased following the mountain lion
harvest treatment.
We found that although calf recruitment increased following liberalized mountain lion
harvest regulations, the effects of the mountain lion harvest on recruitment were short-term. Calf
recruitment is well documented to respond to annual variability in weather and growing season
conditions (Paterson et al. 2019b); however, even after accounting for annual variations using a
population modeling approach, our dataset showed that recruitment increased following
treatment. After the initial increase in recruitment immediately after the harvest treatment, calf
recruitment declined during the 5 years following treatment to similar rates as pre-treatment.
These short-term effects are not unexpected, and are similar to the observed short-term effects of
increased mountain lion harvest on elk calf survival within this study area which suggested elk
calf survival was lowest pre-harvest treatment, highest in the first year post-treatment, and at
intermediate levels 4 years post treatment (see Section 6). Similarly, only short-term effects of
mountain lion reductions on mule deer populations were observed in Idaho (Hurley et al. 2011).
Mountain lion populations are capable of rapid growth following reductions in harvest (Ross and
Jalkotzy 1992), and populations likely rebound to pre-treatment levels following reductions in
harvest. Thus, only short-term effects on prey populations should be expected given a short-term
mountain lion harvest treatment. In this case, the intent and outcome (see Section 3) of the
mountain lion harvest treatment was a moderate reduction in the mountain lion population that
allowed for short-term releases in the elk populations. Our results suggest that these goals were
indeed achieved.
The elk modeling approach applied in this study also offers a novel approach for
advancements and improvements over interpreting monitoring data. The use of a population
model allowed for biological inferences that would otherwise have likely been masked by the
lack of statistical power induced by not treating observations as a time series of biological
processes and the variance associated with the observation process (Paterson et al. 2019b).
Detecting the effects of carnivore harvest on ungulate populations has been difficult in many
systems, and our approach that accounted for the process and observations separately allowed for
stronger inference regarding these relationships. Additionally, the modeling approach allowed
for the evaluation of the effects of mountain lion harvest management on calf recruitment in two
ways: first, by considering the variation in other important covariates during the years of this
study, and second, by holding the other covariates constant at their mean values to assess only
the effects of harvest management. The process variation associated with other important
covariates affecting calf recruitment may mask the carnivore (or carnivore harvest) effects in
certain areas or time periods, yet our population modeling methodology accounts for the other
covariate effects to evaluate the effect of carnivore harvest during the period that the harvest
treatment was implemented. The ability to disentangle the effects of annual variability in
covariates affecting calf recruitment and the effects of the harvest treatment provides an
important methodological advancement towards better understanding carnivore-ungulate
population dynamics.
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Section 8 – Factors Affecting Elk Calf Recruitment in WestCentral Montana

Introduction
Ungulate population trajectories are driven by vital rates such as survival, reproduction,
and recruitment, and effective population management requires information on how each of
these rates affect demographic performance (Johnson et al. 2010). Although variation in adult
female survival rates has the highest proportional impact on population growth rate, theoretical
and empirical work strongly suggest that adult survival rates are buffered against high variation
(Pfister 1998, Gaillard and Yoccoz 2003, Jäkäläniemi et al. 2013, Péron et al. 2016). In contrast,
juvenile survival has a lower proportional impact on growth rate but much higher spatial and
temporal variation, such that it can have a large impact on population growth rates (Gaillard et al.
1998a, Raithel et al. 2007, Eacker et al. 2017). Thus, juvenile survival is commonly monitored
and used as an index of population performance. However, juvenile survival varies annually, and
causes of mortality differ widely across ecosystems (Raithel et al. 2007, White et al. 2010),
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which makes it difficult to understand and make generalizations about sources of variation in
juvenile survival.
Given the practical challenges of long-term studies on individually marked animals,
many ungulate populations are routinely monitored and managed using age ratios (e.g., juveniles
per 100 adult females) as a proxy for juvenile survival (Raithel et al. 2007, Harris et al. 2008). In
contrast to data on individually marked individuals (see Section 6), data on age ratios are
comparatively easy to acquire and widely applicable to management of multiple species, which
has led to routine collection of age ratio data and the development of long-time series of ratios
(Caughley 1974, Bender 2006, Harris et al. 2008). However, use of data on age ratios to manage
populations has been challenged because they conflate variation in two age classes, and distill
complicated population dynamics into a single summary statistic (Caughley 1974, Downing et al.
1977, Bonenfant et al. 2005, Bender 2006). Moreover, the interpretation of age-ratios from
harvested populations of ungulates can be further complicated by the timing of surveys. For ageratio data collected in the spring, the numerator (juveniles) is driven by rates of pregnancy and
calf survival from birth to the time of the count, whereas the denominator (counts of adult
females) is driven by adult survival and harvest, and change in harvest the previous fall can drive
variation in age ratios.
Our goal was to evaluate the sources of variation in elk calf recruitment using a timeseries of data on harvested elk populations in west-central Montana and evaluate the relative
influence of factors that managers can and cannot control on recruitment. We used a population
modeling approach to model per capita elk calf recruitment rates as a separate biological process,
and then used regression analysis to assess the evidence for factors affecting elk calf recruitment
rates. Importantly, this modeling approach uses data that are already routinely collected by
wildlife managers, i.e., the numbers of individuals observed in each class, to make inference
about the key vital rate for which age-ratios are a proxy: the per capita recruitment rate that can
drive the population dynamics of ungulates.

Figure 8.1 Concept diagram illustrating the progression of events and rates underlying
recruitment for spring surveys. The probability that each calf is available to be surveyed during
the late spring surveys is the product of pregnancy rates, in-utero survival to parturition, then
summer and winter survival, the product of which is the per capita recruitment rate. Each rate is
hypothesized to be associated with multiple drivers related to the timing of events.
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The per capita recruitment rate is the result of a series of processes that are potentially
affected by environmental conditions and predator pressure (Figure 8.1). Maternal body
condition from the summer prior to conception through parturition has been shown to be related
to pregnancy rates (Bonenfant et al. 2002, Cook et al. 2004), calf parturition mass (Bender et al.
2002) and neonatal survival during the maternal care period following birth (Griffin et al. 2011).
Therefore, we expected per capita recruitment rates to be positively associated with indices of
nutrition (year t-1), negatively associated with winter severity (year t-1), and potentially
demonstrate an interaction between nutrition indices and winter severity such that poor summer
conditions and severe winter conditions combine to further reduce recruitment (Cook et al.
1996). Environmental conditions experienced after parturition (year t) are thought to be related to
juvenile survival in its first year, either through direct impact on juvenile nutrition through
foraging (Cook et al. 1996) or as mediated through maternal provisioning during the maternal
care period (Cook et al. 2004). There is an evolving debate as to whether spring conditions or
late summer conditions are more important to juvenile survival (Hurley et al. 2014), and we split
indices of the nutritional environment into spring and summer periods to assess the relative
importance of these two periods. We expected per capita recruitment rates to be positively
associated with indices of nutrition (year t). Juvenile survival to recruitment has been shown to
be related to winter conditions (Loison and Langvatn 1998) and we expected per capita
recruitment rates to be negatively associated with winter severity (year t), and interact with
nutritional conditions such that the impact of poor nutritional conditions is made worse in severe
winters. Predators can have a large impact on juvenile survival (Barber-Meyer et al. 2008, White
et al. 2010, Brodie et al. 2013, Eacker et al. 2016), and we expected per capita recruitment rates
to be negatively associated with indices of predator abundance.
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Methods
Elk count and harvest data
For our analyses of elk recruitment, we used data from 17 hunting districts in westcentral Montana (Figure 8.2). These HDs included, but were not limited to, the Bitterroot and
Upper Clark Fork study areas. We used annual spring elk count and age/sex classification data
collected from fixed wing aircraft. Surveys were conducted annually on the winter range for each
district in the late spring prior to the migration to summer range and the birth pulse. Due to
logistical limitations, not every district had count and age/sex classification data for each of the
13 years (2004 to 2016), which generated a discontinuous time series for most districts (median
number of years = 7, minimum = 6, maximum = 13). In our analysis, we included all hunting
districts that had a minimum of 6 years of count data collected during 2004 to 2016. For a small
number of district-years a total count was available, but no age/sex classification was reported (n
= 5). For the population modeling approach, we were able to treat the age/sex classifications in
these years as missing data. Moreover, throughout this period there were instances where
animals were counted but not classified, resulting in total counts but no classification
information.
We aggregated data on the fall elk harvest (calves, adult females and adult males) as
estimated by the state wildlife agency. For the population model (see Section 7), we included the
number of calves, adult females and adult males harvested.

Figure 8.2 The elk hunting districts in west-central Montana used for analysis. We restricted our
analysis to those hunting districts with at least 6 years of data.
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Covariates
Our primary goal was to assess the strength of evidence for a series of potential sources
of variation in the recruitment of elk calves as mediated through maternal body condition, calf
body condition and predation risk (Figure 8.1). We developed covariates to index environmental
conditions during the summer growing season, winter severity, and predator abundances. We
estimated the average cumulative precipitation values within each elk population range over the
spring (neonatal period, May–June) and summer periods (juvenile independence period, July–
September, PRISM Climate Group, Oregon State University, http://prism.oregonstate.edu,
accessed 11 September 2018). As an index of summer growing season conditions, we estimated
the average annual integrated-NDVI values within each elk population range over the spring and
summer periods. As an index of winter severity, we used snow-water equivalent (swe), a metric
of snowpack density. We estimated the mean cumulative swe for each population range from
December 1 to April 31 of each year.
Information on carnivores across all of the hunting districts included in this analysis was
available from harvest records (mountain lion and black bears) and annual surveys (wolves).
State regulations require that all harvested mountain lions and black bears that are harvested be
presented with intact evidence of sex to MFWP staff, and these harvest data were available
through all years and for all districts in our study. For both black bears and mountain lions, we
used the total harvest in recruitment year t as the covariate, e.g., if the recruitment year was 2010
the covariate was the total harvest of each in the fall of 2009 and spring of 2010. End-of-the-year
minimum wolf counts (number observed by December 31 of each year) were available as part of
the state of Montana’s wolf monitoring program and management plan. We used the number
harvested mountain lion and black bear and wolf counts as covariates in the models,
hypothesizing that they were an index to the underlying populations.

Results
The number of elk counted, observed age ratios, and harvested elk varied considerably
among years and hunting districts (Figure 8.3). Antlerless and antlered harvest varied across
years and hunting districts in response to changing regulations over the time period of the study.
Notably, high harvest in some districts from 2004 to 2007 was followed by reduced harvest.
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Figure 8.3 Summary of observed elk count and classification data and estimated antlerless and
antlered harvest for the 17 hunting districts included in the elk population model. Both observed
counts and age ratios (sample size in parentheses) demonstrated large variation among years
and hunting districts. Similarly, antler and antlerless harvest varied through time and district.
In panel (a), the observations have been jittered along the x-axis to improve visibility. In panel
(b), the y-axis includes a rug that highlights the distribution of the data.

Sources of variation in recruitment
We found strong evidence for a series of relationships between covariates and
recruitment using the population model. For an average year and with all covariates held to their
average value (zero for standardized covariates), our model predicted an overall mean
recruitment rate of 0.25 (90% CI = [0.21, 0.29]). For each covariate below, we report the
estimated effect on the logit scale and then a prediction of how recruitment changed from this
overall mean as that covariate increased/decreased one standard deviation from the average
value. We found a weak negative association between mountain lion harvest and per capita
recruitment rates (𝛽̂𝑙𝑖𝑜𝑛𝑠 = -0.04 [-0.07, 0]), which corresponded to a decline in per capita
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recruitment from the overall mean of 0.25 (90% CI = [0.21, 0.29]) at the average lion harvest
(4.12 harvested) to 0.24 [0.19, 0.27] at one standard deviation above the average lion harvest
(7.88 harvested). Similarly, we found a weak association between black bear harvest and per
capita recruitment rates (𝛽̂𝑏𝑒𝑎𝑟𝑠 = -0.05 [-0.09, 0]), declining from the overall mean (0.25 [0.21,
0.29])) at the average black bear harvest (21.31 harvested) to 0.24 [0.21, 0.28] at one standard
deviation above the average black bear harvest (39.17 harvested). However, we found strong
evidence for an interaction with cumulative snow water equivalent (swe) (𝛽̂𝑏𝑒𝑎𝑟𝑠∗𝑠𝑤𝑒 = -0.11 [0.16, -0.05]) that became different from zero only at higher bear harvests and more severe
winters. At the average black bear harvest, per capita recruitment rates in a mild winter (hereafter
defined as the 5th percentile of standardized swe values, swe = -0.95), average winter (swe = 0),
or severe winter (hereafter defined by the 95th percentile of swe values, swe = 2.22) showed no
meaningful difference. At one standard deviation above the average black bear harvest
recruitment in a mild winter was higher than in a mean winter (difference = 0.02 [0.01, 0.04]),
and even higher than in a severe winter (difference = 0.07 [0.03, 0.12]). In contrast, we found a
weak positive association between wolf counts and recruitment (𝛽̂𝑤𝑜𝑙𝑣𝑒𝑠 = 0.05 [0, 0.09]),
increasing from the overall mean (0.25 [0.21, 0.29]) at the average wolf count (15.99 wolves) to
0.26 [0.22, 0.30] at one standard deviation above the average wolf count (30.49 wolves).
However, we also found strong evidence for a negative interaction with cumulative snow water
equivalent (𝛽̂𝑤𝑜𝑙𝑣𝑒𝑠∗𝑠𝑤𝑒 = -0.06 [-0.11, -0.02]) such that recruitment declined with high wolf
counts and increasing winter severity. At one standard deviation above the average wolf count
recruitment in a mild winter was higher than in a mean winter (difference = 0.02 [0.01, 0.03]),
and even higher than in a severe winter (difference = 0.06 [0.03, 0.09]).
We also found strong evidence for an association between several environmental
covariates that corresponded to conditions when the calf is on the ground (year t) and per capita
recruitment. Cumulative spring precipitation had a negative association with per capita
recruitment rates (𝛽̂𝑠𝑝𝑟𝑖𝑛𝑔𝑃𝑟𝑒𝑐𝑖𝑝 = -0.2 [-0.26, -0.14]), declining from the overall mean at the
average spring precipitation (0.17 m) to 0.21 [0.18, 0.25] at one standard deviation above the
average spring precipitation (0.22 m). In comparison, cumulative summer precipitation had a
weaker positive association with recruitment (𝛽̂𝑠𝑢𝑚𝑚𝑒𝑟𝑃𝑟𝑒𝑐𝑖𝑝 = 0.08 [0.03, 0.13]), increasing
from the overall mean at the average summer precipitation (0.15 m) to 0.27 [0.23, 0.31] at one
standard deviation above the average summer precipitation (0.19 m), and strong evidence for an
interaction with winter severity(𝛽̂𝑠𝑢𝑚𝑚𝑒𝑟𝑃𝑟𝑒𝑐𝑖𝑝∗𝑠𝑤𝑒 = 0.04 [0, 0.07]) such that low values of
summer precipitation combined with winter severity to reduce per capita recruitment. At one
standard deviation below the average summer precipitation (0.11 m), recruitment was higher in a
mild winter than in an average one (difference = 0.02, [0.01, 0.03]), and even higher than in a
severe winter (difference = 0.04, [0.01, 0.07]). Although we found no evidence for a main effect
of spring NDVI, we found evidence for an interaction with winter severity (𝛽̂𝑠𝑝𝑟𝑖𝑛𝑔𝑁𝐷𝑉𝐼∗𝑠𝑤𝑒 =
0.05 [0.01, 0.1]. Low values of spring NDVI combined with severe winters were associated with
reduced recruitment. At one standard deviation below the average spring NDVI (0.81),
recruitment was higher in a mild winter than an average winter (difference = 0.02 [0, 0.03]) and a
severe winter (difference = 0.05 [0.01, 0.08]).
Finally, we also found strong evidence for an association between environmental
variation during the year in which the calf is in-utero (year t-1) and recruitment. We found strong
evidence for a negative association with lagged winter severity (𝛽̂𝑠𝑤𝑒[𝑡−1] = -0.06 [-0.1, -0.01]
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(0.25, [0.21, 0.29] at the average swe (8.15 m) to 0.23 [0.20, 0.28] at one standard deviation
above the average swe (14.45 m). Although we did not find evidence for a main effect of
summer NDVI, we found strong evidence for an interaction with winter severity
(𝛽̂𝑠𝑢𝑚𝑚𝑒𝑟𝑁𝐷𝑉𝐼∗𝑠𝑤𝑒[𝑡−1] = 0.08 [0.05, 0.12] such that recruitment at low summer NDVI (1
standard deviation below the mean) was higher in a mild winter than a mean winter (difference =
0.03 [0.02, 0.04]), and considerably higher than in a severe winter (difference = 0.08 [0.05,
0.12]).

Figure 8.4 Estimated regression coefficients for standardized covariates representing the effect
of each covariate on per capita recruitment. The top panel denotes covariates affecting the calf
during its first year of life and the bottom panel denotes covariates affecting the calf through inutero maternal effects. The black dot denotes the median of the approximate posterior
distribution, the heavy black line the 50% highest posterior density interval (HPD) and the light
black line the 90% HPD interval.
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Figure 8.5 Estimated per capita recruitment rates across hunting districts for each year. The
black dot denotes the median of the approximate posterior distribution and the light black line
the 90% HPD interval.

Understanding population dynamics
In addition to understanding the sources of variation in per capita recruitment rates (Figure 8.4,
Figure 8.5), the population model also allowed deeper insights into population dynamics. By
linking the numbers in each age/sex class through time via biological processes (i.e., survival and
reproduction), specific numbers, ratios, and population parameters can be estimated that are of
direct interest to wildlife management (Figure 8.6).
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Figure 8.6 Summary of population model output for an example hunting district (HD 240),
including (a) population growth rate, (b) per capita recruitment rate, (c) observed harvest, and
(d) predicted/observed total population size. The black dot denotes the median of the
approximate posterior distribution and the light black line the 90% HPD interval.
For example, the estimated sum of all age/sex classes ( 𝑁total ) provided a qualitative way of
assessing the accuracy the observation process. If observed counts are markedly different than
the predicted number in a population, it indicates a lack of model fit to the observation process.
This could simply be a result of poor model performance, or it could indicate issues with the
count data itself, such as double counting (in the case of an overestimate), or partial counting (in
the case of an underestimate). It could also indicate a lack of fit due to a closure violation, which
could indicate immigration/emigration, and help inform how populations are defined in the
management process. Moreover, estimated sizes (𝑁𝑡total ) through time also provide insight into
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𝑁 𝑡𝑜𝑡𝑎𝑙

population growth rates, 𝜆𝑡 = 𝑁𝑡𝑡𝑜𝑡𝑎𝑙 , provided they are a consistent index of the true, unknown
𝑡−1

population size (Figure 8.6). Where populations are managed using harvest as the primary tool, a
comparison of harvest numbers to estimated values of 𝜆 through time provides insight into the
efficacy of harvest regulations on management objectives indexed by population growth rates.

Discussion
Our results demonstrate how using a population model developed from routinely
collected elk count, classification, and harvest data can provide information regarding not only
recruitment, but also estimates of population growth rates. The population modeling approach
provided insights regarding factors affecting recruitment that may also inform management
decisions. We found that per capita recruitment rates are most strongly associated with spring
and summer precipitation, and to a lesser extent associated with indices of winter severity,
predator populations, and primary production.
We found that environmental conditions experienced by the calf on the ground (year t,
related to calf survival) and the female prior to conception and when the calf is in-utero (year t-1)
were strongly connected to per capita recruitment rates. Contrary to our expectations, cumulative
spring precipitation in year t was negatively associated with recruitment. A post-hoc analysis of
the precipitation signal strongly suggested that these high values of spring precipitation were the
result of heavy snow on the summer range, an observation consistent with previous work on elk
in this larger system (Lukacs et al. 2018). Cold and wet springs are thought to be a risk factor for
elevated neonatal mortality, as environmental conditions interact to predispose neonates to the
effects of illness, delayed green-up and increase risk of predation (Adams et al. 1995, Tveraa et
al. 2003). Summer precipitation during year t and year t -1 was strongly, positively associated
with recruitment. We also found evidence to support an interaction between summer
precipitation values and winter severity in year t such that dry summers interacted with
particularly severe winters to diminish calf survival in year t. Precipitation is known to be
directly related to the rate of forage senescence, digestible energy and relative protein content
(Onillon et al. 1995, MacKlon et al. 1996, Yang et al. 2001), thought to be key factors in
determining the body condition of ungulates headed into winter (Blanchard et al. 2003, Link et
al. 2003, Tollefson et al. 2011). Our results are broadly consistent with previous work concluding
that body condition during this critical period is a key factor associated with overwinter survival
in the case of calves on the ground, and with offspring survival the following spring in the case
of pregnant females (Cook et al. 2004). In contrast to previous work that found the relationship
between precipitation and recruitment to be relatively minor (Lukacs et al. 2018), we found
spring and summer precipitation in year t to be major contributors to variation in recruitment. We
also attribute the difference to our separation of precipitation into the two critical phases of
spring (an index of early growing/environmental conditions) and summer (as an index of forage
quality headed into winter). The use of a season-long precipitation metric could conflate
variation in these two periods such that only the most extreme combination (e.g., a very wet
spring coupled to a dry summer) would be associated with variation in recruitment.
We found mixed evidence for a relationship between primary production (NDVI) and per
capita recruitment rates. Although we found no evidence for a direct relationship between NDVI
in either in the spring or summer during the year the calf is on the ground and recruitment, we
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did find evidence for an interaction between spring NDVI and winter severity such that years
with combined low spring NDVI and severe winters were associated with diminished
recruitment. Moreover, we found an interaction between summer NDVI and winter severity
during the year the calf is in-utero (year t-1) that suggested that high values of summer NDVI
and severe winters reduced recruitment. NDVI is frequently interpreted as an index of forage
quality (Pettorelli et al. 2011), though the link between the two is uncertain and can depend on
the NDVI metric used (Fryxell 1991, Hebblewhite et al. 2008, Johnson et al. 2018). Spring
green-up as indexed by increasing NDVI values has been positively associated with body
condition (Hamel et al. 2009), as the greening vegetation has high digestible energy and protein
content, and the relative value of this phase of forage quality has been suggested as a driver of
spring migrations (Merkle et al. 2016). We used a time-integrated NDVI metric where low
values likely corresponded to a delayed start of seasonal plant growth and found the NDVI
metric only become meaningful when followed by a severe winter, consistent with other work
highlighting the interactive effects of nutrition and winter severity (Singer et al. 1997, Garrott et
al. 2003), and broadly suggesting that calves can otherwise make up for a poor start in mild
winter conditions. We also found strong evidence that summer NDVI and winter severity in year
t-1 were related to recruitment through an interaction such that high values of summer NDVI in a
severe winter were negatively associated with recruitment. This is not the first study to document
a surprising relationship between NDVI and the demographic performance of ungulates (Lukacs
et al. 2018), which highlights the care that must be taken in assuming NDVI represents the same
thing across a growing season. The relationship between NDVI and forage quality may be
fundamentally different in late summer, when the high primary production NDVI represents
actually corresponds to diminished digestible energy (Hebblewhite et al. 2008). Alternatively, we
speculate that summer NDVI values might be correlated to large scale, long-term weather
patterns such that they are serving as a proxy for environmental conditions in the approaching
winter. Further work is required to detail the link between NDVI and forage quality as it relates
to ungulate nutrition and body condition, and we caution against the assumption that NDVI is a
proxy for it.
Predation has been shown to be a major factor influencing juvenile elk survival in
individual-based studies that allow for the estimation of cause-specific mortality (Barber-Meyer
et al. 2008, Eacker et al. 2016). It is considerably more challenging to assess the effects of
predators on vital rates when working at the regional level, considering multiple elk populations,
given accurate predator population estimates are difficult to attain and the effects of predation
can be complicated by interacting effects with weather and resource limitation. In particular,
studies need to be carefully designed when trying to assess how the harvest of predators is
related to variation in the vital rates of prey (Boutin 1992). The connection between predator
harvest, predator population dynamics and predation risk to ungulates is unclear and has rarely
been evaluated (Wolfe et al. 2016). This lack of clarity is worsened where predator harvest
regulations are set in response to a combination of social, biological, and political factors (Clark
et al. 1996, Bruskotter 2013, Young et al. 2015). Although high harvest with heavy hunting
pressure has been implicated in the declines of predator populations (Kolenosky 1986, Allen et
al. 2018a), harvest numbers have also been positively associated with population sizes of
predators (Clark et al. 1996, Bruskotter 2013, Young et al. 2015, Wolfe et al. 2016, Allen et al.
2018). Our results for the association between mountain lion and black bear harvest generally
support this latter interpretation, as we found that the magnitude of harvest was negatively
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associated with per capita recruitment rates. For black bears, predation is thought to occur
primarily during the neonate phase in late spring/early summer (Forzley 2019), and high harvest
the following fall and spring may serve as a reasonable proxy for the population size of black
bears during the birth pulse. On the other hand, we found a weak positive association between
minimum wolf counts, ostensibly a more direct index of population size, and recruitment that we
interpret as a spatial arrangement of predators on the landscape to take advantage of more
productive areas (Fuller and Sievert 2001). That signal was swamped, however, by the
interaction between wolf counts and winter severity that suggested high wolf counts interacted
with severe winters to reduce recruitment. This result is consistent with prior work in the region
(Brodie et al. 2013, but see Garrott et al. 2008), and we speculate that it may reflect an additive
effect of predation to nutritional and environmental stress during severe winters. We stress that
more work is needed to understand the relationship between minimum wolf counts, wolf
abundance and vital rates. More generally, we echo the caution that adequately understanding the
connections between predator indices (harvest or counts), predator population dynamics and
ungulate vital rates requires carefully designed experiments (Boutin 1992).
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Section 9 – Conclusions and Management Recommendations
Understanding the effectiveness of carnivore harvest regulations to manipulate carnivore
and ungulate population abundances is a priority for wildlife managers seeking to balance and
manage populations to achieve population objectives. We found that liberalized mountain lion
harvest regulations to be an effective tool for providing a short-term increase in elk calf
recruitment and population growth. In the Bitterroot study area, a two-year mountain lion harvest
treatment resulted in an estimated 17.6 and 12.6% mountain lion population harvest rate and
29% reduction in mountain lion population abundance. The harvest treatment corresponded to
short-term increases in calf recruitment and elk population growth rates.
Despite the effectiveness of the harvest treatment on decreasing mountain lion
abundances and increasing elk calf recruitment, we found no evidence that coinciding liberalized
harvest regulations for black bears and wolves influenced elk calf survival or recruitment. Rates
of wolf predation on marked calves in the Bitterroot study area remained low throughout all
years, despite variation in wolf harvest regulations, realized wolf harvest, and minimum wolf
counts. Extended black bear hunting seasons did coincide with increases in the realized harvest
of black bears, however, increases to black bear harvest were limited to spring hunting seasons,
and we were unable to infer how these increases in harvest related to the underlying black bear
populations. Additionally, rates of black bear predation on calves remained relatively low
throughout the study, suggesting that liberalized black bear harvest regulations may not have an
important effect on calf recruitment in the Bitterroot study area. Although our results fail to show
either wolf of black bear predation had a large effect on calf survival, we cannot confidently
infer that neither are impacting elk recruitment in the study area. Our estimates of elk calf causespecific mortality suffered from high rates of unknown-cause mortality, which limits the strength
of our inference about the direct effects of wolf and black bear predation on elk calves in the
Bitterroot study area (Forzley 2019). If there is a positive association between black bear harvest
levels and the underlying black bear population, the increases we saw in black bear harvest may
be indicative of a growing black bear population in the area. If so, the negative relationship we
found between black bear harvest and elk calf recruitment throughout Region 2 could be the
result of increased predation on elk calves by a growing black bear population, leading to
decreased elk recruitment in the area. As such, despite having evidence to suggest that the
mountain lion harvest treatment was related to increased elk calf survival and recruitment, we
cannot infer with confidence whether or not liberalized black bear and wolf harvest regulations
were related to any similar changes to elk recruitment.
Despite the uncertainty related to the role of black bears and wolves in elk population
dynamics in west-central Montana, we did find that liberalized mountain lion harvest regulations
resulted in an increase in elk recruitment. However, the ability to implement carnivore harvest
treatments to benefit ungulate populations is challenging given the social dynamics and
controversy surrounding carnivore harvest, and public support for carnivore harvest regulations
is often unknown or controversial (Decker et al. 2009, Treves 2009, Boertje et al. 2010, Mitchell
et al. 2018). Decisions regarding wildlife management and harvest regulations reflect the values
of a diversity of stakeholders, as well as scientific information (Riley et al. 2002). In the case of
carnivore management to benefit ungulate populations, there are often opposing values between
ungulate hunting advocates, carnivore hunting advocates, and anti-carnivore hunting advocates,
and these conflicting values challenge wildlife decision makers. In west-central Montana,
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decision-making regarding setting harvest quotas to achieve moderate mountain lion population
reductions was still controversial due to these conflicting values (Mitchell et al. 2018). The
mountain lion harvest quotas prescribed to achieve a 30% reduction in mountain lion populations
created controversy, with prescribed female harvest quotas being reduced following 2 years of
treatment due to these controversies (Mitchell et al. 2018). Montana is a rural state with the
majority of residents holding utilitarian-oriented wildlife values (Teel and Manfredo 2010), yet
still these harvest management decisions were highly controversial, suggesting the potential to
implement such integrated carnivore-ungulate management in other states may be even less
palatable. Therefore, while our results demonstrate that carnivore harvest management may be
used as a tool for affecting ungulate populations, the social acceptance of such regulations may
challenge the implementation of such integrated carnivore-ungulate management programs. To
utilize carnivore harvest as a management tool for increasing ungulate populations, it may be
more acceptable to consider smaller increases in carnivore harvest rates applied over a longer
time period in order to achieve a more sustained and socially acceptable carnivore harvest and
slower yet more sustained ungulate population response. However, evaluating the efficacy of
these programs would challenge even the most rigorous monitoring programs to detect subtle
changes in carnivore or ungulate populations and would fail to advance our understanding of
integrated carnivore-ungulate management.
We caution against the generalization that these specific carnivore harvest rates will
correspond to these specific changes in ungulate vital rates in other systems, as the complex
predator-prey relationships will undoubtedly vary across systems with different carnivore
assemblages, prey assemblages, and primary productivity. Additionally, the effects of carnivore
harvest treatments on elk population dynamics will be mediated in their effectiveness by weather
and other factors outside of management control. However, the analytic tools for monitoring
carnivore and ungulate populations presented in Sections 3, and 6─8 are widely applicable, and
we recommend intensive pre-treatment and post-treatment monitoring of carnivore and ungulate
populations to 1) improve our understanding of carnivore harvest management as a tool for
increasing ungulate populations across different ecological systems, 2) provide reference
carnivore population information and harvest rate targets for wildlife managers prescribing
carnivore harvest to achieve specific ungulate population responses, and 3) quantify the
effectiveness (or lack thereof) of integrated carnivore-ungulate management so that decisionmakers can use science to inform these controversial harvest management decisions. This type of
intensive monitoring would need to be directed at focal areas because the general population
monitoring indices routinely applied over the broader region were not as correlated to elk
population dynamics.
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